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ABSTRACT 
With a burgeoning population, increasing land area, and the emergence of new 
megacities, urban areas have the ability to alter biogeochemical cycles across great 
scales. Though cities are hotspots of pollution, these concentrated population centers 
present an opportunity to reduce the human footprint and provide a model of 
sustainability. Creating sustainable cities requires an understanding of urban 
biogeochemical cycles of nutrients, such as carbon (C), nitrogen (N), and phosphorus (P). 
Studies in urban areas, however, often include measurements at only a few sites, either in 
an urban-rural comparison or as an anchor along an urban-rural gradient. In my 
dissertation work, I deployed a network of sites across the greater Boston area to measure 
several key biogeochemical processes: 1) rates of carbon dioxide (CO2) efflux through 
soil respiration, 2) atmospheric inputs and soil solution concentrations of N, P, and 
organic C, and 3) rates of N mineralization and nitrification in soils. I found that urban 
soil respiration is driven by landowner management and that respiration from urban 
		viii	
residential soils produces almost 75% of the CO2 as fossil fuel emissions in these areas 
during the growing season. I also found that mean fluxes of inorganic N in throughfall are 
double rural rates and vary more than threefold throughout the urban area, exhibiting 
rates at some urban sites which are as low as rural rates. These rates are driven by 
vehicular N emissions and local fertilizer inputs, and are decoupled from rates of soil 
biogeochemical cycling of C and N. Finally, I found atmospheric fluxes of organic N 
equaling almost 40% of total atmospheric N inputs, atmospheric inputs of organic C on 
par with rural rates, atmospheric inputs of P similar to rates of P in parking lot runoff, and 
an enhancement of nutrient inputs to urban ecosystems by the urban tree canopy. My 
dissertation work highlights the need for a more thorough understanding of 
biogeochemical fluxes in cities, provides further impetus for the development of a more 
holistic, multifaceted understanding of urbanization, and suggests that urban areas should 
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CHAPTER ONE: INTRODUCTION 
Since the beginning of the industrial revolution, human activities have greatly 
altered the biogeochemical cycles of carbon (C), nitrogen (N), and phosphorus (P). 
Combustion of fossil fuels and production of cement have pumped more than 390 billion 
tons of C into the atmosphere in the form of carbon dioxide (CO2) since 1870 (Global 
Carbon Project, 2013). This excess atmospheric CO2 has caused a concomitant increase 
in worldwide temperatures by 0.85 °C between 1880 and 2012, leading to increased 
incidences in severe weather, sea level rise, and climate-related human crises around the 
world (IPCC, 2014). Fossil fuel combustion, along with fertilizer production, has doubled 
the amount of reactive N cycling through ecosystems (Fowler et al., 2013), which has led 
to diminished air and water quality in many ecosystems worldwide (Holland et al., 2005). 
In terms of P, anthropogenic fluxes such as agricultural runoff, detergent use, and human 
waste disposal have greatly accelerated P movement into waterways; this excess P in 
aquatic ecosystems is the chief nutrient implicated in the fouling of freshwater through 
eutrophication across the globe (Smil, 2000). 
One of the ways that human activity has altered these biogeochemical cycles is 
through urbanization, a common consequence of industrialization (Bairoch 1988). 
Between 1950 and 2014, the world’s urban population increased from 746 million to 3.9 
billion; by 2050, almost 70% of the global population is expected to live in cities (United 
Nations, 2015). Urban land area has also been increasing; urban areas around the world 
occupy almost as much land mass as temperate forest (temperate forest = 2.9%, Food and 
Agriculture Organization, 2001; urban areas = 3%, Liu et al., 2014), and urban land area 
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is expected to increase by more than 1 million km2 from 2000 to 2030 (Seto et al., 2012). 
Further, the number of megacities (i.e., cities which have over 10 million people) around 
the world has gone from 2 in 1950 (United Nations, 2006), to 28 today and is projected to 
grow to 41 by 2030 (United Nations, 2015). Much of the world’s urban growth is now 
happening in developing countries (Glaeser 2014), but in both developing and developed 
countries, urban areas are beginning to merge into massive megalopolises, such as in the 
northeastern region of the United States (U.S.) between Boston and Washington D.C. 
(Rodrigue 2003).  
Increases in urbanization cause changes in the cycles of C, N, and P. Urban areas 
are responsible for around 70% of the world’s fossil fuel emissions (Energy Information 
Administration, 2013), a fact which makes urban areas the chief cause of elevated 
concentrations of atmospheric CO2 and rising land and sea surface temperatures today. 
Vehicular fossil fuel combustion in urban areas also pumps N into the atmosphere in the 
form of both nitrogen oxides (NOx) and ammonia (NH3). Further, fertilizers and pet 
waste on urban and suburban lawns and gardens can lead to elevated concentrations of N 
and P in runoff, which affects water quality (Fissore et al. 2011). 
Despite the fact that it is known that urban areas have elevated levels of C, N, and 
P, many aspects of urban biogeochemistry remain unknown. There are two main reasons 
for this dearth of knowledge. First, biological fluxes are assumed to be minimal in 
comparison to anthropogenic fluxes (Pataki et al., 2011). However common, this bias is 
likely incorrect; studies that have addressed urban biology have found elevated rates of C 
assimilation in urban trees (Briber et al., 2013; Reinmann and Hutyra, 2017) and have 
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discovered the ability of urban soils to retain and process elevated nutrient inputs 
(Groffman et al., 2004; Wollheim et al., 2005; McPhillips et al., 2016). The second factor 
which has hindered our knowledge of urban biogeochemistry is that many studies in 
urban areas have either compared one or two urban sites to one or two rural sites in an 
urban to rural comparison (Nadim et al., 2001; Aikawa et al., 2006; Templer and 
McCann, 2010) or have had one or two urban sites at the end-point of an urban to rural 
gradient (Lovett et al., 2000, Fang et al., 2011, Rao et al., 2014). While we have learned 
from these studies that rates of soil respiration in cities are elevated compared to rural 
rates (Groffman et al., 2006; Groffman et al., 2009), N deposition is elevated in urban 
areas (Templer and McCann, 2010; Fang et al., 2011; Rao et al., 2014), and that exports 
of P can be enhanced more than 20 times in urban watersheds (Duan et al., 2012), the 
small number of sites within urban studies, particularly in an area as heterogeneous as a 
city, likely prevents knowledge of the drivers and spatial and temporal patterns of those 
fluxes. A better accounting of fluxes of C, N, and P in urban areas allows for better 
monitoring and mitigation of these fluxes, improved urban budgets of these elements, and 
deepening of our knowledge of their biogeochemical cycles at multiple scales. 
 
Dissertation overview 
The objective of my dissertation was to investigate the controls on C, N, and P 
cycling using numerous sites across a continuum of urban development to discern rates, 
variability, drivers and effects of these fluxes. In Chapter 2, I describe patterns of soil 
respiration across the greater Boston area. At 15 sites, I measured soil respiration 
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biweekly from May to November 2014, as well as soil and litter traits, in three urban 
cover types, including forest, lawn, and landscaped areas. Using measurements of soil 
respiration, cover type, a land use survey of over 400 homeowners across eastern 
Massachusetts (MA), and geospatial land cover data, I made a spatially-explicit model of 
growing season soil respiration along a 25 km transect from Boston to rural Concord, 
MA. I found that soil respiration rates differ significantly between urban land cover 
types, with urban forests exhibiting the lowest fluxes (comparable to fluxes in a local 
rural forest), followed by lawns, and fluxes in landscaped areas the highest (twice as high 
as fluxes in a local rural forest). Soil respiration rates are correlated positively with soil 
parameters such as soil organic matter (SOM) fraction and litter depth, indicating that 
homeowner management greatly influences soil CO2 efflux in urban areas. By using 
these measurement data to model fluxes along the urban to rural transect, I also found 
that soils produce almost 75% as much CO2 as fossil fuel combustion in residential areas 
of Boston during the growing season, representing a large flux of CO2 to the atmosphere. 
Taken as a whole, these results show that rates of urban soil respiration are elevated in 
comparison with rural rates, and that homeowner management drives these elevated 
fluxes. Further, due to the high proportion of residential soils within close proximity to 
the urban core of Boston and many other cities, urban soils have the ability to produce 
CO2 at comparable rates to fossil fuel emissions. 
In Chapter 3, I describe patterns, drivers, and effects of atmospheric N inputs 
around the greater Boston area. From May to November 2014 at the same 15 sites from 
the soil respiration study described in  Chapter 2, I measured throughfall inputs of 
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inorganic N, inorganic N in soil solution, and soil net mineralization and net nitrification. 
I found that rates of throughfall inputs are about twice as high as rural reference rates, but 
are also highly variable, exhibiting more than a threefold difference just within the urban 
area. These rates are correlated with vehicular emissions of NOX and NH3, but not with 
metrics that have correlated with inorganic N deposition in urban to rural gradient 
studies, such as distance to urban core and impervious surface area (Lovett et al., 2000; 
Rao et al., 2014). I also found that ammonium (NH4+) makes up almost 70% of 
throughfall inputs and is elevated in the late spring, suggesting an input from the 
volatilization of fertilizers applied locally. Further, I found that rates of inorganic N 
inputs do not correlate with most measurements of soil biogeochemical cycling (NH4+ 
loss, net mineralization, net nitrification, or soil respiration); rather, these soil 
biogeochemical cycling measurements correlate with soil variables such as SOM and soil 
pH. In total, these results suggest that atmospheric fluxes of N are highly variable 
throughout the urban matrix, requiring numerous sampling sites to accurately assess rates 
of deposition, that traffic volume and fertilizer inputs are driving rates of atmospheric 
inputs in the city, and that there is a broad decoupling of the atmosphere and soils in 
urban areas due to the management of land by urban residents. 
In Chapter 4, I describe atmospheric inputs of N, P, and organic C in throughfall 
and bulk deposition around the greater Boston area in order to measure these nutrients 
simultaneously across an urban area and investigate the effect of the urban tree canopy on 
inputs to the urban ground surface. From May to November 2015, I measured throughfall 
and bulk atmospheric inputs of total N, total P and organic C, as well as these elements in 
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soil solution, at nine sites. Further, I collocated one bulk deposition site with a National 
Atmospheric Deposition Program (NADP) National Trends Network (NTN) wet 
deposition collector in order to compare bulk ion exchange resin methods with NADP 
methods, and also made measurements at collocated roof and ground sites in order to 
compare measurements made at roof and ground levels. In this study, I found high (about 
a third of total) inputs of organic N in both throughfall and bulk measurements, rates of 
bulk atmospheric P inputs comparable to rates of P in urban runoff and rates of 
throughfall P inputs higher than any others that I was able to find in the literature, as well 
as organic C inputs which are comparable to those in rural areas. Additionally, I found 
inputs beneath the urban canopy are two to eight times higher (depending on the analyte) 
than inputs not underneath tree canopy, though soils beneath and not beneath tree canopy 
do not show any difference in rates of N, P, and C in soil solution. However, as about a 
quarter of Boston’s tree canopy is above impervious pavement, the urban canopy may 
represent a substantial flux of N, P, and C to urban waterways through runoff. Finally, I 
found agreement between roof and ground sampling data, as well as data from NADP 
wet deposition measurements and bulk ion exchange resin measurements, suggesting that 
roof sampling and bulk ion exchange resin collection are both viable methods for 
measuring atmospheric deposition in cities. In short, these results suggest that the urban 
atmosphere is an important source of organic N, P, and organic C, which are normally 
unaccounted fluxes, and that the urban tree canopy amplifies inputs to the urban ground 
surface, indicating that cities should take the location of pavement into account when 
planning tree planting initiatives. 
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Last, in Chapter 5, I summarize results from my dissertation and suggest future 
avenues of progress in research and communication between scientists and policy makers 
to elucidate distinct urban biogeochemical cycles of C, N, and P and use this information 
to inform urban policy in order to both create more sustainable cities and understand the 
functioning of these cycles at larger spatial scales. 
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CHAPTER TWO: SOIL RESPIRATION CONTRIBUTES SUBSTANTIALLY TO 
URBAN CARBON FLUXES IN THE GREATER BOSTON AREA 
 
ABSTRACT 
Urban areas are the dominant source of U.S. fossil fuel carbon dioxide (FFCO2) 
emissions. In the absence of binding international treaties or decisive U.S. federal policy 
for greenhouse gas regulation, cities have also become leaders in greenhouse gas 
reduction efforts through climate action plans. These plans focus on anthropogenic 
carbon flows only, however, ignoring a potentially substantial contribution to 
atmospheric carbon dioxide (CO2) from biological respiration. Our aim was to measure 
the contribution of CO2 efflux from soil respiration to atmospheric CO2 fluxes using an 
automated CO2 efflux system and to use these measurements to model urban soil CO2 
efflux across an urban area. We find that growing season soil respiration is dramatically 
enhanced in urban areas and represents levels of CO2 efflux of up to 72% of FFCO2 
within greater Boston’s residential areas, and that soils in urban forests, lawns, and 
landscaped cover types emit 2.62 ± 0.15, 4.49 ± 0.14, and 6.73 ± 0.26 µmol CO2 m-2 s-1, 
respectively, during the growing season. These rates represent up to 2.2 times greater soil 
respiration than rates found in nearby rural ecosystems in central Massachusetts (MA), a 
potential consequence of imported carbon amendments, such as mulch, within a general 
regime of landowner management. As the scientific community moves rapidly towards 
monitoring, reporting, and verification of CO2 emissions using ground based approaches 
and remotely-sensed observations to measure CO2 concentrations, our results show that 
		9	
measurement and modeling of biogenic urban CO2 fluxes will be a critical component for 
verification of urban climate action plans. 
 
INTRODUCTION 
The global urban population is forecast to grow by 2.5 billion people by the year 
2050, with seven of every ten people projected to reside in an urban area by mid-century 
(United Nations, 2015). The spatial extent of urban areas is also projected to triple, 
increasing by over 1 million km2 between 2000 and 2030 (Seto et al., 2012). Though 
fossil fuel carbon dioxide (FFCO2) emissions from cities produce the preponderance of 
global FFCO2 emissions (Energy Information Administration, 2013), a growing urban 
population also has the potential to engender per-capita emissions reductions, as cities, 
particularly in the United States, form the vanguard of the civic response to climate 
change through local climate action plans (Rosenzweig et al, 2010; Wang, 2012). For 
climate action plans to be effective, they must be evaluated rigorously and regularly, 
which requires accurate reporting of greenhouse gas fluxes (e.g. the 2010 CalNex 
campaign; Ryerson et al., 2013), combined with monitoring and verification of 
atmospheric CO2 concentrations from ground based measurements and satellite remote 
sensing (Duren and Miller, 2012; McKain et al., 2012; Rella et al., 2015). However, both 
of these approaches currently ignore the biogenic contribution to urban atmospheric CO2 
concentrations; bottom-up emissions data treat the urban carbon cycle as entirely driven 
by fossil fuel emissions (Kennedy et al., 2010; Hutyra et al., 2014) and measurements of 
column-averaged atmospheric CO2 concentrations, such as those made by NASA’s 
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Orbiting Carbon Observatory (OCO-2) satellite (Boesch et al., 2011), are made without 
specific attribution between anthropogenic and biogenic sources. 
As early as 1979, researchers suggested that separating anthropogenic and 
biogenic CO2 fluxes would be critical for the understanding of urban carbon cycling 
(McRae and Graedel, 1979). Photosynthesis has been shown to periodically reduce urban 
atmospheric CO2 concentrations in diverse locations (McRae and Graedel, 1979; Day et 
al., 2002; Clarke-Thorne and Yapp, 2003; Moriwaki and Kanda, 2004; Coutts et al., 
2007; Kordowski and Kuttler, 2010; Pawlak et al., 2011), while ecosystem respiration is 
known to produce measureable amounts of CO2 in urban areas (Pataki et al., 2003; 
Zimnoch et al., 2010; Gorka and Lewicka-Szczebak, 2013). Using radioactive isotope 
tracers, Miller et al. (2012) detected the constant presence of biogenic CO2 in the lower 
troposphere near cities and suggested that CO2 attribution to anthropogenic sources 
requires measurement and exclusion of biological sources. Despite the evidence that 
biogenic urban CO2 fluxes can be important, we still know little about the magnitude of 
the urban biogenic CO2 flux relative to FFCO2 emissions on a landscape scale. Rates of 
CO2 efflux from soil respiration, a critical component of the biogenic CO2 flux, have only 
been measured in a handful of urban studies in mesic systems, and the majority of these 
studies were either spatially or temporally limited (Kaye et al., 2005; Groffman et al., 
2006; Vesala et al., 2008; Groffman et al., 2009; Chen et al., 2014; Chun et al, 2014; 
Smorkalov and Vorobeichik, 2014; Ng et al., 2015) precluding extrapolation and 
hindering comparisons with FFCO2 emissions. As total CO2 efflux from soil respiration 
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dwarfs anthropogenic CO2 emissions worldwide, urban soil respiration merits a closer 
look.  
The objectives of this study were to quantify rates of growing season CO2 efflux 
from soil respiration at high temporal and spatial resolution across the greater Boston, 
MA area and to use these rates to create a spatially explicit model of soil CO2 efflux 
along an urbanization gradient. We expected to find higher rates of soil respiration in 
areas with more intensive landowner management, such as residential areas with pervious 
surfaces like lawns and flowerbeds. To address our objectives and test our hypothesis, we 
took direct field measurements of soil respiration using an automated soil CO2 efflux 
system and used geographic information systems (GIS) and data from a landowner 
survey to model these fluxes along a transect originating in downtown Boston and 
extending 25 km west into suburban Concord, MA. 
 
METHODS 
Site Selection and Measurements 
 
The greater Boston area is the 10th largest metropolitan area in the United States 
(U.S. Census Bureau, 2013) and has a temperate climate, with mean summer and winter 
temperatures of 21.7°C and -0.1°C, respectively, and approximately 110 cm of 
precipitation per year (National Climatic Data Center). To characterize variations in soil 
CO2 efflux across this area, we sampled at 15 sites (Figure 2.1) and within three potential 
cover types at each site: forest, lawn, and landscaped. Sites were chosen with varying 
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amounts of surrounding development (Figure 2.2). All sites had hardwood tree canopies, 
no pets, and were in secured locations.  
In early May 2014, 20.2 cm-diameter PVC collars were mounted into the soil at 
each site. After installation, collars were left to equilibrate in the soil for 2-3 weeks to 
avoid the pulse of CO2 efflux associated with severed roots caused by installation. Sites 
that included lawn (n = 13), defined as an area whose dominant vegetation was grass at 
some point during the growing season, received four sample collars, with two collars in 
the lawn and two collars in the other dominant cover type at the site, either forest or 
landscaped. Sites without lawn (n=2) received two collars in the one dominant cover type 
at the site, either forest or landscaped. Forest cover type was defined as an unmanaged 
area at least 100 m in diameter whose dominant vegetation was trees. Landscaped cover 
type was defined as areas not covered by grass at any point during the growing season 
and generally contained shrubs, flowers, and trees that were confined to a small area of 
the property. Landscaped cover type had variable management regimes across sites, 
though all received some intervention from homeowners. The total number of soil 
respiration collars installed across all three cover types for this study was n=56. 
Soil CO2 efflux was measured every two weeks from 27 May 2014 to 5 
November 2014 using an automated CO2 soil efflux system with a 20 cm diameter survey 
chamber (LiCor-8100A infrared gas analyzer, LiCor Inc., Lincoln, NE). Soil CO2 efflux 
was calculated for each measurement as given in Davidson et al (1998). At the time of 
measurement, volumetric water content (#88311E, Omega Engineering Inc., Stamford, 
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CT) was recorded at a depth of 10 cm. LiCor chamber air temperature was also recorded 
for each observation. 
Measurements of air temperature, soil moisture, soil organic matter concentration, 
soil C:N ratio, soil pH, soil bulk density, litter depth, and litter mass were collected in 
each cover type at each site.  Soil samples beneath the litter layer (0 – 10 cm depth) were 
collected once during the growing season using a slide hammer and 10 cm PVC liner 
placed inside the soil corer. Three replicate soil cores adjacent to the respiration collars 
were collected for each cover type at each site. Soils were sieved through a 2 mm sieve 
and homogenized, a subsample was removed, and the subsample oven-dried at 60°C for 
one week to obtain percent soil moisture for each sample. Soil pH was determined by 
hydrating 5 g of soil with 10 mL of DDI H2O, shaking for 30 minutes on a shaker table, 
and then pH measured with a pH meter. For soil organic matter, 10 g subsamples were 
oven-dried at 60°C for one week, reweighed, and then placed inside a muffle furnace at 
400°C for four hours and reweighed again. Soil carbon to nitrogen (C:N) ratio was 
measured by grinding oven-dried soils into a fine powder and combusting in a C:N 
analyzer (NC2500 Elemental Analyzer, CE Elantech, Lakewood, NJ). Bulk density was 
calculated dividing mass of an oven-dried soil by its volume (excluding the mass and 
volume of rocks in the sample). In June and November 2014, soil litter depth was 
measured at four points next to each PVC collar and averaged. In August 2014, leaf litter 
within a 900 cm2 square adjacent to the collar was collected, dried for two weeks, and 
weighed. Summary data are listed in Table 2.1. Model formulations using these data are 
listed in Table 2.2. 
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Survey data 
The Community and Conservation Survey of Massachusetts (CCS) was used to 
generate estimates of cover type fractions for residential properties, as well as to 
determine homeowner usage of soil amendments (e.g. fertilizer and mulch). The CCS is a 
large multipart survey instrument that was distributed to private landowners in 33 towns 
in eastern and central MA as part of a complementary study as well as to the 14 
homeowners in this study (n=428). The survey instrument included questions regarding 
property characteristics, use, management, and demographics. The survey questionnaire 
was developed and pre-tested through a series of six focus groups that included urban, 
suburban, and rural landowners. The towns included in this study fall along two transects 
originating in the City of Boston and extending ~100 km westward. Development 
patterns, land uses, vegetation, and community characteristics vary along the study 
transects. 
Survey recipients were selected using a stratified random sampling. The sample 
was drawn from assessor tax records containing information on the location, size, and use 
of parcels as well as landowner names and mailing addresses. The survey was mailed to 
1758 landowners in spring 2013, following a modified Tailored Design Method 
(Dillman, 2007). The survey included questions about property characteristics and 
demographics. Homeowners were asked to indicate the size of their property and to 
estimate the fraction of their property with different surface types (e.g., buildings, 
driveway, lawn that is mowed, other yard not mowed, woodlands), as well as to describe 
land management practices. Of the mailed surveys, 114 were undeliverable or 
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disqualified because the respondent was deceased or no longer owned land in MA. A 
total of 414 surveys were returned and usable, giving an effective response rate of 
25.2%. While the response rate varied significantly between the 33 towns included in the 
study, we found no significant differences in response rate of urban, suburban, and rural 
areas. Upon return, the landowner surveys were geocoded using the Massachusetts Land 
Parcel Database, v. 1.0 (Metropolitan Area Planning Council, 2013).  To determine the 
amount of each land cover type in residential parcels, the landowner parcels were 
compared to the Massachusetts Office of Geographic Information (MassGIS) land use 
layer (MassGIS, 2009); only parcels that were completely within the exclusively 
residential land use classes (n=61) were included in this study. The mean land cover type 
fractions (lawn, landscaped, forest) were calculated and used to estimate residential soil 
respiration efflux. 
Scaling Soil CO2 Efflux 
To extrapolate rates of soil respiration across the 25 km transect, modeled rates 
were estimated based on a combination of soil respiration observations from this study 
for urban areas, literature soil respiration values for non-urban land covers (Raich and 
Schlesinger, 1992; Raich and Tufekcioglu, 2000), and high-resolution GIS land use and 
impervious surface areas layers from the Massachusetts Office of Geographic 
Information (MassGIS, 2009). All areas covered with impervious surfaces (roads, 
buildings, driveways, etc.), based on a 1 m-resolution GIS map, were assumed to have no 
soil CO2 efflux. All pervious (permeable) surfaces were assigned a soil respiration value 
based on land use (Table 2.3). Efflux values for nonzero, non-residential land use 
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descriptions (Table 2.3) were primarily (78%) derived from measured fluxes from this 
study; the remainder were derived from published values (Raich and Schlesinger, 1992; 
Raich and Tufekcioglu, 2000). The lawn, forest, and landscape fractional area within 
residential land covers was estimated based the CCS. The survey showed that the 
pervious area of exclusively residential parcels (n=61) was 53% lawn, 42% landscaped, 
4% forested, and 1% open field.  The pervious portions of residential areas were all 
assumed to have the above composition with a mean growing season soil efflux of 5.33 
µmolCO2 m-2 s-1, primarily (98%) derived from measured fluxes from this study; the 
remainder was derived from published values (Raich and Tufekcioglu, 2000). 
Fossil fuel carbon dioxide emissions 
FFCO2 emission estimates were based on a newly developed, high-resolution 
regional inventory of FFCO2 emissions that assimilates multiple data sources at a 1 km 
gridded resolution and hourly time-steps for circa 2011. Data from the U.S. 
Environmental Protection Agency (U.S. EPA, 2014a) National Emissions Inventory and 
the EPA Greenhouse Gas Reporting Program (U.S. EPA, 2014b) was used to calculate 
FFCO2 emissions for the following sectors: residential, commercial, industrial, railroads, 
marine vessels, non-road vehicles, airport taxiing, takeoff and landing operations, and 
electric power generation. On-road emissions were obtained from the Database of Road 
Transportation Emissions (DARTE; Gately et al., 2015). 
All error values in the text, figures, and tables are reported as standard error (SE), 
unless otherwise noted. 
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RESULTS AND DISCUSSION 
Rates of soil respiration differed significantly (one-way ANOVA, F = 4.69, p = 
0.019) between urban forest, lawn, and landscaped cover types, with growing season 
mean soil CO2 efflux rates of 2.62 ± 0.15, 4.49 ± 0.14, and 6.73 ± 0.26 µmolCO2 m-2 s-1, 
respectively (Figure 2.3, Table 2.1). Growing season soil respiration rates in urban forest 
soils were similar to soil respiration rates in a nearby rural forest (3.08 ± 0.07 µmolCO2 
m2 s-1; Giasson et al., 2013); lawn and landscaped soil respiration rates were 1.5 and 2.2 
times higher, respectively, than nearby rural forest soil respiration rates. Soil organic 
matter concentration (r = 0.59, p = 0.0009), soil C:N ratio (r=0.56, p=0.001) and the 
depth of the leaf litter layer (r = 0.57, p =0.001) were significantly and positively 
correlated with observed soil respiration rates. Soil pH and bulk density were not 
significantly correlated with observed soil respiration rates. We estimated a multivariate 
regression model of soil respiration rates including soil C:N ratio, June litter depth, a 
binary indicator of management (managed vs. unmanaged), and a cover type fixed effect 
(forest, lawn, landscaped; R2 = 0.79, p < 0.002; Table 2.2). The significant correlation 
between soil C:N ratio, litter depth, and soil CO2 efflux, along with the discrete statistical 
separation of soil respiration rates by cover type (Figure 2.3), suggest that the magnitude 
of urban soil CO2 efflux is tied to municipal and individual landowner management 
decisions. Results from the CCS indicate that 64% of residential landowners fertilize 
their lawns, 37% add compost or organic fertilizer, and 90% add organic amendments 
such as mulch around their plants. These types of residential management choices, which 
import carbon and stimulate primary productivity, may explain the high rates of soil 
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respiration in residential areas relative to rural background levels (Beesley et al., 2014; 
Chen et al., 2014). 
The elevated rates of soil respiration in lawn and landscaped areas contribute 
significantly to urban atmospheric CO2 concentrations on a landscape scale, the scale at 
which remote sensing products are measuring these concentrations. We used GIS and 
survey data from the CCS to model our measured growing season soil respiration rates 
across a 25 km transect originating in downtown Boston (Figures 2.4 a-d). To evaluate 
the magnitude of the contribution of soil respiration across the spatially heterogeneous 
land uses of the greater Boston area, we compared the modeled soil CO2 efflux to FFCO2 
emissions from a new high-resolution FFCO2 dataset (Gately et al., 2015) (Figures 2.4e 
& 2.4f). Though soil CO2 efflux within the 25 km transect is only about 1% of FFCO2 
emissions in the highly developed urban core of Boston (Figure 2.4e), within the densely 
populated residential area of the transect 11-18 km from the urban core of Boston, mean 
rates of growing season CO2 efflux from soil respiration average 72 ± 7 % of FFCO2 
emissions (Figures 2.4e & 2.4f). As pervious area (i.e. lawns, gardens, and flower beds) 
increases from the urban core of Boston out to suburban residential areas and passes a 
threshold of ~20% of total area, the magnitude of soil CO2 efflux increases up to fourfold 
(i.e. soil CO2 efflux /(soil CO2 efflux +FFCO2); Figure 2.4f), approaching and surpassing 
efflux from FFCO2 emissions in some locations within the transect (note that these 
FFCO2 estimates represent direct, local emissions within the transect only; there are 
additional emissions outside of the transect associated with power generation for 
locations within transect that were not considered in this analysis).  Considering the large 
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spatial extent of residential soils that typically surround cities, these results underscore 
the strong linkages between development patterns and intensity, management decisions, 
and urban efflux of CO2 from soil respiration.  
In addition to spatial variation in CO2 efflux from soil respiration, the contribution 
of soil CO2 efflux to total urban CO2 efflux varies temporally within the growing season. 
Rates of soil CO2 efflux within the 25 km transect peak in the warm, wet early summer, 
while FFCO2 emissions are lowest during this time due to the absence of heating-related 
emissions (Figure 2.5). This temporal mismatch in maxima of soil CO2 efflux and FFCO2 
emissions leads to variability in the fraction of efflux from soil respiration relative to 
FFCO2 emissions observed from the months of May to October in the residential belt of 
the transect 11-18 km from the city center (Figure 2.5). The distinct temporal variability 
in the biogenic fraction of urban CO2 emissions has the potential to further confound 
efforts to both reduce and accurately measure reductions in FFCO2 emissions, 
emphasizing the importance of accounting for urban biogenic carbon flows at not only a 
high spatial resolution, but at high temporal resolution as well. 
 
CONCLUSION 
 We show that soil respiration contributes significantly to urban and suburban 
surface CO2 fluxes and that urban soil respiration displays variable spatial and temporal 
patterns. Management decisions, such as soil amendments and irrigation, may create 
conditions which lead to soil CO2 efflux in some urban areas that is more than twice as 
high as that in rural forests. With Boston’s 26% canopy cover (Raciti et al. 2014), carbon 
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uptake via photosynthesis is likely to offset some of this soil CO2 efflux at the landscape 
scale; however, this large soil CO2 efflux in residential areas of the greater Boston area 
may ultimately induce a net biotic source of CO2 to the atmosphere at the local scale due 
to management decisions and the relatively low canopy cover in these areas. The 
magnitude of urban soil CO2 efflux on a landscape scale, along with the spatial and 
temporal variation, should be taken into account when assessing urban carbon budgets, 
particularly for cities like Boston with a high percentage of landscaped, pervious area in 
residential areas close to the city center. As satellite measurements of column CO2 
concentrations are providing data at high temporal and spatial resolution (Boesch et al 
2011), quantification of the biogenic component of the urban CO2 budget is crucial for 
proper interpretation of these remotely sensed data for monitoring and verification of 
urban climate action plans. These results underscore the need for a more spatially and 
temporally detailed accounting of urban biological carbon flows, support recent work 
describing the effects of management decisions on fluxes of carbon and nitrogen (Briber 
et al., 2013; Polsky et al., 2014; Templer et al., 2015a) and further highlight the need to 
tie management of residential urban areas to biogeochemical fluxes. 
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TABLES AND FIGURES 
Table 2.1. Litter and soil characteristics, along with soil respiration (Rs) CO2 efflux, by 










Depth (cm) Mass 
(g) 
OM 




(µmolCO2 m-2 s-1) Jun Nov 
Forest 3:83 0.92 5.09 76.72 14 5.1 18.5 0.61 2.62 ± 0.15 
Lawn 13:292 0.63 3.88 1.64 8 6.3 16.1 0.88 4.49 ± 0.14 
Landscaped 12:309 3.00 5.86 63.67 15 5.9 18.7 0.64 6.73 ± 0.26 




Table 2.2. Multivariate model parameters 
 
Parameters Coefficient p-value 
Intercept -8.440 0.020 
Cover type 3.813 0.041 
Management 0.952 0.366 
Litter depth 0.269 0.042 





























Figure 2.1. Study area. Blue points represent soil respiration measurement sites. Orange 
box outlines 25 km transect from downtown urban Boston to suburban Concord, MA 
(Figure 2.4). Interstate Highway I-95 is highlighted in red. In the inset, current OCO-2 





































Figure 2.2. Quantile-quantile distribution plots. Distribution of sites is illustrated across 
three metrics of urban intensity: a, distance to downtown Park Street Station (MassGIS, 
2009) b, population density (Raciti et al., 2012) and c, impervious surface area (ISA; 











































































































































Figure 2.3. Measured soil respiration (Rs) CO2 efflux by land cover type across growing 
season. DOY = Day of year. A, Values are means with standard error across fifteen sites 
at each measurement date over the growing season (27 May 2014 through 5 November 



























































































Figure 2.4. Gradients in soil respiration (Rs) CO2 efflux and FFCO2 efflux along 25 km 
transect. a. Satellite image, b. Impervious surface area, c. Land cover, and d. Modeled 
growing season soil CO2 efflux. e. Growing season modeled soil CO2 efflux and FFCO2 
emissions along the transect; FFCO2 enhancement at 20 km due to I-95 (red line in panels 
A-D denotes I-95). Gray band (11-18 km from urban core) denotes a shift from 
predominately developed to highly pervious residential land covers. Error reported in 
Figure 2.6. f. Percent pervious forest and residential area compared to growing season 

































Figure 2.5: Monthly hysteresis curve of modeled soil respiration (Rs) CO2 efflux as 
compared to modeled FFCO2 efflux along 25 km transect. Monthly integrated mean 
values with standard error in the residential area from 11-18 km along the transect 

































































Figure 2.6. Soil respiration (Rs) CO2 efflux and FFCO2 emissions, mean and standard 
deviation along 25 km transect (error estimates from Figure 2.4e). a. Soil CO2 efflux and 
b. FFCO2 along 25km transect.  FFCO2 enhancement at 20 km is due to Interstate-95, a 
major regional transportation corridor. Gray band (11-18 km from urban core) 
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CHAPTER THREE: VARIABILITY, DRIVERS, AND EFFECTS OF 
ATMOSPHERIC NITROGEN INPUTS ACROSS AN URBAN AREA: 
EMERGING PATTERNS AMONG HUMAN ACTIVITIES,  
THE ATMOSPHERE, AND SOILS 
 
ABSTRACT 
Atmospheric deposition of nitrogen (N) is a major input of N to the biosphere and 
is elevated beyond preindustrial levels throughout many ecosystems. Deposition 
monitoring networks in the United States generally avoid urban areas in order to capture 
regional patterns of N deposition, and studies measuring N deposition in cities usually 
include only one or two urban sites in an urban-rural comparison or as an anchor along an 
urban-to-rural gradient. Describing patterns and drivers of atmospheric N inputs is crucial 
for understanding the effects of N deposition; however, little is known about the 
variability and drivers of atmospheric N inputs or their effects on soil biogeochemistry 
within urban ecosystems. We measured rates of canopy throughfall N as a measure of 
atmospheric N inputs, as well as soil net N mineralization and nitrification, soil solution 
N, and soil respiration at 15 sites across the greater Boston, Massachusetts area. Rates of 
throughfall N are 8.70 ± 0.68 kg N ha-1 yr-1, vary 3.5-fold across sites, and are positively 
correlated with rates of local vehicle N emissions. Ammonium (NH4+) composes 69.9 ± 
2.2 % of inorganic throughfall N inputs and is highest in late spring, suggesting a 
contribution from local fertilizer inputs. Soil solution NO3- is positively correlated with 
throughfall NO3- inputs. In contrast, soil solution NH4+, net N mineralization, 
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nitrification, and soil respiration are not correlated with rates of throughfall N inputs. 
Rather, these processes are correlated with soil properties such as soil organic matter. Our 
results demonstrate high variability in rates of urban throughfall N inputs, correlation of 
throughfall N inputs with local vehicle N emissions, and a decoupling of urban soil 
biogeochemistry and throughfall N inputs. 
 
INTRODUCTION 
The global nitrogen (N) cycle has been dramatically perturbed by human 
activities. Fertilizer production, fossil fuel combustion, and agricultural N fixation have 
led to a doubling of reactive N inputs into global ecosystems (Fowler et al., 2013). One of 
the largest inputs of reactive N within the global N cycle is atmospheric deposition, 
which contributes 70 Tg N year-1 to terrestrial ecosystems worldwide (Fowler et al., 
2013). While atmospheric N inputs can stimulate primary productivity and net carbon (C) 
sequestration in some ecosystems (Thomas et al., 2010), excess N can have detrimental 
effects on ecosystems and human health through acidification of soils, reductions in 
biodiversity, and pollution of water (Knobeloch et al., 2000; Fenn et al., 2003; Phoenix et 
al., 2006; Templer et al., 2012; Huang et al., 2015). Consequently, in many countries 
there are efforts at federal, state, and local levels to monitor and minimize the loading of 
N to ecosystems.  
Due to the importance of the atmospheric N flux to ecosystem nutrient budgets, 
numerous monitoring networks have been created worldwide to both measure wet (N 
dissolved in precipitation) and estimate dry (particulate or gaseous N) deposition. Among 
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these networks, the East Asia Acid Deposition Monitoring Network (EANET), European 
Monitoring and Evaluation Programme (EMEP), Canadian Air and Precipitation 
Monitoring Network (CAPMoN), and China’s Nationwide Nitrogen Deposition 
Monitoring Network (NNDMN; Xu et al., 2015) all measure wet and dry deposition. In 
the United States, wet and dry deposition are measured by separate networks: wet 
deposition by the National Atmospheric Deposition Program (NADP) and dry deposition 
by the Clean Air Status and Trends Network (CASTNET) of the United States 
Environmental Protection Agency. Sites in these U.S. networks are generally located 
away from urban areas in order to capture background, long-term regional trends. The 
lack of urban monitoring may lead to an incomplete understanding of anthropogenic 
effects on the nitrogen cycle however, as urban areas are a substantial source of N 
emissions, and N emissions are a major source of N deposition (Templer et al., 2015b). 
Over 90% of NOx emissions in the United States come from anthropogenic sources  (U.S. 
EPA, 2014c), many of which are located in urban areas; in addition, numerous studies 
have shown substantial vehicular emissions of NH3 in urban areas (Li et al., 2006; Phan 
et al., 2013; Sun et al., 2014). Consequently, under-sampling of urban N deposition may 
be a factor in the large discrepancy between estimates of N emissions and measurements 
of N deposition across the U.S. (Holland et al., 2005). 
Despite the shortage of network monitoring sites in urban areas however, there 
have been a number of studies measuring urban atmospheric N deposition, both within 
urban areas (Gillett et al., 2000; Al-Momani et al., 2002; Anatolaki et al., 2007; Lohse et 
al., 2008; Pan et al., 2012; Varenik et al., 2015 and others) and along urban to rural 
		34	
gradients (Lovett et al., 2000; Fang et al., 2011; Huang et al., 2012; Rao et al., 2014 and 
others). The preponderance of these studies show that rates of urban N deposition are 
higher than those in local rural locations, likely due to increased rates of deposition of 
local atmospheric pollutants (Lovett et al., 2000). While research in urban lawns has 
demonstrated that lawns have relatively high rates of N cycling and retention compared 
to unmanaged ecosystems (Groffman et al., 2009; Martinez et al., 2014; Trammell et al., 
2016), urban lawn studies have not explored the effects of rates of N deposition on soil N 
or C cycling. Studies in urban non-lawn areas, such as vegetated patches (i.e., landscaped 
areas or forest patches), show that soil N loss (Rao et al., 2014) and soil N mineralization 
are positively correlated with rates of N deposition along urban-to-rural gradients (Chen 
et al., 2010, Fang et al., 2011). Though rates of soil respiration are typically depressed 
with elevated N deposition in non-urban areas due to reduced belowground allocation of 
C, microbial community shifts and chemical alteration of substrate (Janssens et al. 2010), 
we are not aware of any studies investigating the effect of atmospheric N inputs on 
carbon dioxide (CO2) losses from soil respiration in cities. In fact, common urban land 
management practices such as irrigation and fertilization can increase the ability of soils 
to store C (Pouyat et al., 2010), possibly overriding the typical effects of N inputs from 
the atmosphere on binding of C in the soil and reducing losses to the atmosphere. 
Past studies examining urban atmospheric N inputs and soil biogeochemical cycling 
compose an important first step at understanding patterns and consequences of urban N 
deposition, but the small number of urban sites within each study may obscure the spatial 
variability and drivers of urban atmospheric N deposition, as well as the effects of N 
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deposition on urban soil N and C processes. The aim of this study was to understand and 
characterize the spatial variability, drivers, and effects of urban atmospheric N deposition 
across a large metropolitan area. We measured inorganic atmospheric N inputs in 
throughfall (hereafter referred to as “throughfall N inputs”), soil solution N, soil net N 
mineralization and nitrification, and soil respiration at 15 sites throughout the greater 
Boston, MA area. We hypothesized that 1) rates of throughfall N inputs are elevated and 
variable across a large metropolitan area, 2) rates of throughfall N inputs are positively 
correlated with local N inputs from vehicle emissions, and 3) rates of soil N and C 
cycling are driven primarily by soil properties influenced by landowner management and 
are decoupled from rates of throughfall N inputs. 
 
METHODS 
Study area and site selection 
The greater Boston area, with 4.5 million inhabitants, is the largest metropolitan 
area in New England and the third largest metropolitan area in the Northeastern United 
States (U.S. Census Bureau, 2013). Boston has a temperate climate, with mean summer 
and winter air temperatures of 22.2°C and 0.2°C, respectively, and approximately 115 cm 
of precipitation per year (National Climatic Data Center, 2016). We sampled 15 sites (14 
residential and 1 at the Arnold Arboretum of Harvard University) that are surrounded by 
varying amounts of urbanization intensity, as determined by a geospatial analysis of 
factors such as distance to urban core (Park Street Metro Station, Boston, MA), traffic 
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density, population density (Raciti et al., 2012), impervious surface area (ISA; the area of 
ground where water cannot infiltrate) and land cover class (MassGIS, 2009).  
All 15 sites were dominated by hardwood tree species, with the majority (n = 8) 
having a canopy of Norway maple alone (Acer platanoides). Three sites contained a mix 
of maple species (Acer platanoides, Acer rubrum, Acer saccharum, Acer saccharinum) 
and one site each with red oak (Quercus rubrum), American beech (Fagus grandifolia), 
willow (Salix sp.), and tree-of-heaven (Ailanthus altissima). None of the sites had 
household pets and all were generally secure from vandalism. Each site was designated as 
having only one of two possible cover types: landscaped areas or forest patches. 
Landscaped areas (n = 12) received varying degrees of management (e.g., mulching, 
fertilizer additions) prior to the study, but no N fertilizer addition during the study period; 
forest patches (n = 3) received no management at all, either before or during the study 
period. These 15 sites were also used to measure CO2 fluxes from soil respiration across 
the greater Boston area (Decina et al. 2016). 
Throughfall N 
We measured throughfall N inputs as a measure of atmospheric N inputs, placing 
three ion exchange resin collectors underneath the tree canopy at each site. The 
throughfall method is often used to estimate total (i.e., wet + dry) atmospheric N inputs 
reaching the forest floor or soils (Lovett and Lindberg, 1993; Butler and Likens, 1995; 
Simkin et al. 2004; Bettez and Groffman 2013; Rao et al., 2014, Templer et al., 2015b 
and others), as particulate matter and gases adsorbed or dissolved on canopy leaf surfaces 
wash off during a precipitation event and into the collector along with ions dissolved in 
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precipitation. The throughfall method has been shown to better capture the enrichment in 
atmospheric inputs from urbanization and/or traffic than bulk (underneath open sky) 
atmospheric collection methods (Michopolous et al., 2007, Kirchner et al., 2005; Bettez 
et al., 2013; Bettez and Groffman, 2013), as increased deposition rates in urban areas are 
likely due to dry deposition, a process better accounted for by the throughfall method 
(Bettez and Groffman, 2013). Throughfall chemistry can be altered within the canopy due 
to N uptake by foliage and lichen and uptake as well as conversion by microbes (Lovett 
and Lindberg, 1993; Fenn et al., 2013; Templer et al., 2015b); however, as all of our sites 
are dominated by hardwood tree species and 11 of the 15 sites have maple trees (Acer 
sp.), we believe canopy uptake or production of N across our 15 sites is unlikely to 
explain the variability in throughfall N fluxes across the greater Boston area that we 
report in this paper. We examined the role of tree species composition across the 15 sites 
to check this assumption (see below for details). 
In May 2014, three columns each containing mixed cation-anion ion exchange 
resin (Dow Chemical, U.S.) were installed underneath the tree canopy at each site (n = 45 
resin columns total). At all 15 sites, ion exchange resin columns collected throughfall N 
from May 6 to November 5, 2014 and were replaced three times after initial installation, 
for a total of four measurement periods spanning the period of time during which 
deciduous trees at these sites had foliage. These measurement periods are referred to in 
the text as T1 (May 6 – Jun 25), T2 (Jun 25 – Aug 5), T3 (Aug 5 – Sep 17) and T4 (Sep 
17 – Nov 5). Each ion exchange resin column consisted of a 20 mL polypropylene 
chromatography column (BioRad, Hercules, CA) packed with mixed-anion-cation 
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exchange resin attached to the bottom of a polypropylene funnel. The funnel was plugged 
with a ball of polyester fiberfill to act as a filter for debris, and the entire apparatus was 
mounted on a 1 m tall PVC pipe (method described in further detail in Templer and 
McCann, 2010). As rainwater percolated through the ion exchange resin, charged species 
such as NH4+ and NO3- were adsorbed onto the ion exchange resin. The ion exchange 
resin was taken back to the laboratory and extracted with a total of 150 mL 2M KCl and 
shaken for three 30 minute intervals over 1.5 hours. The extract solution was then 
analyzed for NH4+ and NO3- via the colorimetric microplate method (Sims et al., 1995). 
Briefly, samples were pipetted into 96-well microplates with two standard curves per 
plate (one at the beginning and one at the end) with an external quality control (QC) 
solution (NH4+ ion ERA #985; NO3- ion ERA #991; ERA, Golden, CO) for each curve 
and a QC and standard check solution in the middle (after 9 samples). Procedures for 
making and adding reagents to microplates, as well as analysis or microplates on 
microplate reader (VersaMax microplate reader, Molecular Devices, Sunnyvale, CA) 
followed Sims et al., (1995) and Doane and Horwàth (2003). Sample concentrations were 
calculated using standard curves and were interpolated between the two standard curves 
depending on the position of the sample pipetted. Samples above the upper limit of the 
standard curve were diluted with extract solution made with mixed anion-cation 
exchange resin in 2 M KCl and re-analyzed. Concentrations in sample solutions were 
converted to flux by taking into account the total volume of KCl used to extract samples 
(150 ml), the surface area of the top of the funnel (20.2 cm diameter) and the amount of 
time the columns incubated in the field. 
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Values for throughfall N measurements were calculated and presented in two 
ways: average daily rates to examine temporal variation across the sampling dates, and 
average annual rates to compare our values to those in other studies, as has been done in 
throughfall studies using deciduous trees and/or in areas subject to snowfall in winter 
(Templer and McCann 2010, Rao et al., 2014, Templer et al., 2015b). For average daily 
rates, values were averaged across the three replicates at each site for each sampling 
period, the values for each sampling period summed, and this value divided by the total 
number of days in the field. To estimate approximate average annual rates, values were 
averaged across the three replicates at each site for each sampling period, the values for 
each sampling period summed, and this value divided by the total number of days in the 
field and then multiplied by 365. 
Soil Solution N 
Two porous nylon bags (“resin bags”; n = 6 per site; n = 90 per measurement 
period) filled with 10 g of the same mixed cation-anion exchange resin in throughfall 
columns were buried within 25 cm of each ion exchange resin column at a depth of 10-15 
cm beneath the soil surface to measure mobile inorganic N in soil solution. The amount 
of N accumulated in resin bags provides a proxy for inorganic soil N that may be 
potentially lost in leachate and is referred to throughout the paper as “soil solution N”. 
All resin bags were installed in landscaped or forested areas at each site and none in 
lawns, and bags were replaced once after installation for a total of two measurement 
periods spanning the entire length of the study from May 6 to November 5, 2014.  Upon 
collection from the field, ion exchange resin from each resin bag was extracted with a 
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total of 150 mL 2M KCl and shaken for three 30 minute intervals over 1.5 hours and 
analyzed using the colorimetric microplate method (see above for details). 
Concentrations of N in KCl solution were converted to rates of N per g of resin per day 
by taking into account the total volume of KCl used to extract samples (150 ml), the 
amount of resin in each resin bag (10 g) and the amount of time the columns incubated in 
the field. Values for soil solution NH4+ and NO3- were averaged across the six replicates 
at each site at each site for each sampling period, the values for each sampling period 
summed, and this value divided by days in the field to give a per day rate per site.  
Soil net N mineralization, net nitrification, soil respiration, and soil properties 
Beginning in June 2014 and continuing each month until November 2014 for a 
total of 5 measurement periods, net N mineralization and net nitrification were measured 
using the in situ buried bag technique (Subler et al., 1995; n = 6 per site; n = 90 per 
measurement period). Briefly, one soil core was taken from within 1 m of the base of 
each resin column, away from the location of the buried resin bags, using a slide hammer 
and 10 cm butyrate plastic soil core liners (Forestry Suppliers, Jackson, MS). This soil 
core was taken to the lab and immediately extracted with 2M potassium chloride (KCl; 
see below for details), serving as the initial (T0) sample. A second soil core was taken and 
sealed inside a 13 cm x 20 cm polyethylene zip-top bag and the bagged core was placed 
back into the coring hole and covered with soil. These cores were left to incubate in the 
field for one month, serving as the T-final (TF) sample. For all initial and incubated soils, 
10 g fresh soil was sieved (2 mm sieve) and extracted with a total of 60 mL KCl and 
shaken for one hour and analyzed using the colorimetric microplate method (see above 
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for details). Net N mineralization is equal to NH4+ plus NO3- in the Tf sample minus NH4+ 
plus NO3- in the T0 sample, divided by NH4+ plus NO3- in the T0 sample, while net 
nitrification is equal to NO3- in the Tf sample minus NO3- in the T0 sample, divided by 
NO3- in the T0 sample. Concentrations of N in KCl solution were converted to rates of N 
per g of soil per day by taking into account the total volume of KCl used to extract 
samples (60 ml), the amount of soil in each resin soil core, the soil moisture, and the 
amount of time the cores incubated in the field. Rates of net mineralization and net 
nitrification were averaged across the three replicates at each site and average daily rates 
over the entire sampling period were calculated. Prior to extraction, a separate 10 g 
sieved sub-sample was oven-dried at 60°C for one week to determine soil moisture 
content for each sample. 
Soil respiration was measured every two weeks from two soil respiration collars 
per site co-located with the throughfall columns (n = 30 collars total; 360 measurements 
total). Measurements were made using an automated soil CO2 efflux system (LiCor Inc., 
Lincoln, NE) as described in Decina et al. (2016). Rates of soil respiration from each 
measurement period were averaged across replicates within each site and over the 
sampling period to provide one mean value per site (Decina et al., 2016). Air temperature 
and soil moisture were measured continuously using a HOBO air temperature sensor 
(Onset, Bourne, MA) installed inside a radiation shield and a HOBO soil moisture probe 
connected to a datalogger (Onset, Bourne, MA). To determine soil organic matter 
fraction (SOM), soil C:N ratio, soil pH, soil bulk density, and root mass, three additional 
soil cores to 10 cm depth beneath the litter layer were collected at each site once in 
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August 2014 in the same vegetated areas as the throughfall ion exchange resin columns. 
For SOM, 10 g soil were oven-dried at 60°C for one week, reweighed to obtain dry 
weight, and then placed inside a muffle furnace at 400°C for four hours to remove any 
organic matter, and reweighed again to determine the loss of mass on ignition. Soil 
carbon to nitrogen (C:N) ratio was determined on a C:N analyzer (NC2500 Elemental 
Analyzer, CE Elantech, Lakewood, NJ). Soil pH was measured by hydrating 5 g of fresh 
soil with 10 mL of DDI H2O, shaking on a shaker table for 30 minutes, and then 
measuring pH with an electronic pH meter. Soil bulk density was determined by taking a 
separate soil core to 10 cm depth beneath the litter layer, removing rocks and roots from 
the entire sample and weighing, obtaining the dry mass of the sample after 
homogenizing, sieving (2 mm sieve) and oven-drying at 60°C a 10 g subsample and 
correcting for soil moisture %, and dividing by the volume of the soil core less the 
volume of rocks in the core. Soil litter depth was measured at four locations in each site 
two times, June and November 2014. Leaf litter (Oi horizon) samples within a 900 cm2 
square adjacent to the PVC soil respiration collars was collected in August 2014, dried in 
a drying oven and weighed. Root mass was measured by removing roots from a soil 
sample using a 2 mm sieve, washing roots with DDI H2O, drying and weighing. 
Emissions of NOx and NH3 from local vehicles 
We estimated tailpipe emissions of NOx and NH3 from vehicle activity on all 
roads within 250 and 500 m radius buffers surrounding each of our 15 sampling sites 
within the greater Boston area and along a Boston-area urban-to-rural gradient using the 
sampling locations from Rao et al. (2014). In that study, rates of throughfall N inputs 
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were measured at 9 sites spanning an urban to rural gradient from Boston to Petersham, 
MA. All nine sites were forested and used the same ion exchange resin method utilized 
here. Integrating the data from the Rao et al. (2014) study enabled us to examine and 
compare the effects of vehicular N emissions on throughfall N both across urban-to-rural 
gradients and intensively within a metropolitan area. 
 We calculated emissions for v types of vehicles (passenger cars, passenger trucks 
and SUVs, medium-duty trucks, and heavy duty trucks / buses), traveling at speeds that 
we discretized into 5-mph intervals (denoted s). Each road segment’s hourly emission 
flux (q*) is the product of the vehicle kilometers traveled (k*) on it and an emission 
factor (f*). Emissions factors are calculated for every combination of v and s, and are 
specified as a function of spatially and temporally varying temperature (T) and relative 
humidity (H): 
𝐪!,!,!∗ = Σ!Σ!𝐤!,!,!,!∗ ×𝐟!,!,!∗ [𝐓!,! ,𝐇!,!]      (1) 
The suite of emission factors that encompass the range of vehicle types, travel speeds, 
and meteorological conditions observed in our study domain was derived using the 
MOVES vehicle emission simulator (U.S. EPA 2014d). Data from MOVES is also used 
to compile the National Emissions Inventory (NEI), which has been shown to 
underestimate both NH3 (Sun et al., 2016) and NOx (Gately et al., 2017) emissions. 
However, by using local data sources (detailed below) which more accurately detail 
vehicle type and speeds on area roads, we believe that our emissions data are more 
accurate than the NEI emissions data (Gately et al., 2017). 
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We used meteorological data from the North American Land Data Assimilation 
System (NLDAS-2; Xia et al. 2012). Estimates of vehicle activity were constructed by 
integrating detailed pseudo-observations of travel by road segment simulated by the 
Boston Metropolitan Planning Organization’s travel demand model (TDM) with traffic 
counts derived from the Massachusetts Department of Transportation (MDOT) road 
sensor network. The TDM simulates travel stratified by vehicle class (passenger cars, 
passenger trucks and SUVs, medium-duty trucks, and heavy-duty trucks and buses) for 
each road segment for four time periods of an average weekday (AM and PM peak 
periods, midday, and nighttime). MDOT publishes an annually updated ‘Road Inventory’ 
containing estimates of average daily traffic volumes (ADT) for every road in the state. 
Hourly traffic count data was available from MDOT permanent traffic recorders for over 
60 major and minor roads in eastern Massachusetts, and were used to develop hourly 
allocation factors that partitioned annual link volumes (ADT x 366 days) among every 
hour of 2012. Allocation factors were assigned to road segments using a nearest-neighbor 
algorithm.  
The resulting imputed hourly traffic volumes were further apportioned among 
vehicle type using TDM output for the corresponding roadway and time of day. Vehicle 
classification counts from MDOT indicated that weekend truck activity was on average 
only 25-35% of weekday levels, so weekend truck volumes were scaled downward 
accordingly. Traffic speeds on each road segment in a given hour were obtained from a 
high-resolution database of directly measured vehicle speeds obtained from mobile phone 
and on-board vehicle navigation GPS data provided by the traffic consultancy firm 
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INRIX. Speeds for road segments not covered in the INRIX database were assumed to be 
the posted speed limit. Hourly emissions estimates were then summed to provide annual 
totals of NOx and NH3 for each road segment. The road segments surrounding each 
sampling site were then intersected with circular buffers of 250 m and 500 m radius and 
summed. For more detail on methods related to emissions calculations, see Gately et al., 
2017.  
Statistical Analyses 
All statistical analyses were conducted in RStudio (The R Project for Statistical 
Computing, version 1.0.136) and error values are given in standard error (SE). Statistical 
significance was determined at α ≤ 0.05. We examined potential relationships using 
throughfall N at each site and local vehicle emissions of N within a 250 m and 500 m 
radius of each site as independent variables and soil solution N and other soil and root 
measurements as dependent variables. Shapiro-Wilk tests were conducted and quantile-
quantile plots were produced to determine whether data were normally distributed. For 
normally-distributed data, Pearson product-moment correlations (r, R2) are reported and 
for non-normally distributed data, Spearman’s rank correlations (ρ) are reported. For non-
linear models, pseudo R2 values are also reported. Stepwise regressions were conducted 
for all response variables with Akaike Information Criterion (AIC) used to determine best 
fit multivariate linear regression models. Linear mixed effects model ANOVAs were 
used to examine time period differences in throughfall NH4+-N and NO3--N, soil solution 
N, and NOx and NH3 emissions with time as the fixed effect and site as the random 
effect. A Tukey’s Honestly Significant Difference (HSD) posthoc test was conducted 
		46	
following the mixed effects model test to determine which fluxes were significantly 
different from one another across time periods. We conducted ANOVAs to determine the 
effect of land cover type (landscaped vs. forest) and tree species (maple vs. non-maple) 
on throughfall N inputs; because we found no significant effect of land cover type or tree 
species on throughfall N inputs, no results of these analyses are reported. 
For all analyses involving NOx or NH3 emissions, one site was removed from our 
analysis. Both estimated NOx emissions (293.2 kg N ha-1 yr-1) and NH3 emissions (17.8 
kg N ha-1 yr-1) within a 250 m radius for this site are 2.9 and 3.4 standard deviations 
above the mean of all 15 sites, respectively (mean NOx emissions = 86.8 kg N ha-1 yr-1; 
mean NH3 emissions = 3.3 kg N ha-1 yr-1). This site is also unique in respect to other sites 
in the study, as it is located at the intersection of two large, congested interstate highways 
(I-95 and I-90) with a large elevation dropoff between the highways and the site. Based 
on both the elevated rate of vehicular N emissions and particular site details, we 
concluded that this site is an outlier and not representative of the remainder of sites 




Throughfall N inputs 
Mean rates of throughfall NH4+, NO3-, and total inorganic N (NH4+ + NO3-) inputs 
across the 15 sites are 6.23 ± 0.63, 2.46 ± 0.16, and 8.70 ± 0.68 kg N ha-1 yr-1, 
respectively (Table 3.1). Throughfall NH4+ makes up 69.9 ± 2.2 % of total inorganic 
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throughfall N inputs across the 15 sites and shows a distinct late spring (the T1 sampling 
period, May 5 – Jun 25) enhancement factor of 4-5 (linear mixed effects model ANOVA, 
F = 22.11, p < 0.0001; Figure 3.1). Throughfall NH4+ composes 84.8 ± 2.4, 45.9 ± 3.3, 
51.9 ± 2.5 and 63.7 ± 3.2 % of total throughfall N inputs in time periods T1, T2, T3 and 
T4, respectively. Throughfall NO3- inputs are also variable across the sampling period, 
but rates are highest during the middle of the sampling period in time periods T2 and T3 
(June 25 – September 17; linear mixed effects model ANOVA, F = 20.4, p < 0.0001; 
Figure 3.1). Rates of NH4+, NO3-, and total N inputs in throughfall are highly variable 
spatially (Figure 3.2), varying 2.5-, 5-, and 3.5-fold respectively; rates of total inorganic 
N inputs in throughfall range from 3.82 to 13.31 kg N ha-1 yr-1 throughout the greater 
Boston area (Figure 3.3). 
Throughfall NH4+ inputs are positively correlated with local vehicle NOx 
emissions (R2 = 0.63, p = 0.0007) and vehicle NH3 emissions (Figure 3.4a; Spearman’s ρ 
= 0.70, p = 0.003, pseudo-R2 = 0.39), both within a 250 m radius of each site, as well as 
with proximity to the closest road (R2 = 0.41, p = 0.01). Combining throughfall N data 
from the Rao et al. (2014) urban-rural study with results from this urban study, we find 
that throughfall NO3- inputs are positively correlated with vehicle NOx emissions within a 
radius of 500 m of each site (Figure 3.4b, R2 = 0.37, p = 0.003). When examining all 
variables together in a multivariate analysis, the best-fit multivariate model for rates of 
throughfall NH4+ inputs includes vehicle NOx emissions at a 250 m radius and distance to 
urban core (Table 3.2; R2 = 0.69, p = 0.0007). For throughfall NO3- inputs, the model is 
not statistically significant (Table 3.2; R2 = 0.34, p = 0.07). 
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Soil solution N 
Mean rates of NH4+, NO3-, and total (NH4+ + NO3-) inorganic N into soil solution across 
the 15 sites are 0.69 ± 0.10, 2.53 ± 0.37, and 3.22 ± 0.42 µg N g resin-1 d-1, respectively 
(Table 3.1). Soil solution NO3- makes up 75.1 ± 3.5 % of total soil solution N across the 
15 sites. Rates of NH4+, NO3-, total inorganic soil solution N vary 7-, 12-, and 11- fold 
across the 15 sites and are not correlated significantly with tree species or any metrics of 
urbanization (i.e., population density, ISA, traffic density, land cover class or distance to 
urban core). Soil solution NO3- is positively correlated with throughfall NO3- inputs (R2 = 
0.28, p = 0.04), negatively correlated with SOM content and root mass (Figure 3.5; SOM: 
R2 = 0.44, p = 0.007; root mass: R2 = 0.43, p = 0.008), and positively correlated with soil 
bulk density (Figure 3.5; R2 = 0.29, p = 0.04). The best-fit multivariate model for rates of 
soil solution NO3- includes SOM, root mass, and throughfall NO3- inputs (Table 3.2; R2 = 
0.55 p = 0.008). Soil solution NH4+ is not correlated with throughfall N inputs or with 
soil or litter variables in univariate or multivariate linear regression models (p > 0.05). 
Net N mineralization and net nitrification 
Mean rates of net N mineralization and net nitrification across the 15 sites are 
0.39 ± 0.05 µg N g dry soil-1 d-1 (Table 3.1), with rates of net nitrification (0.36 ± 0.05 µg 
N g dry soil-1 d-1) much higher than rates of net ammonification (0.02 ± 0.02 µg N g dry 
soil-1 d-1). Rates of net N mineralization and nitrification vary 70- and 17-fold, 
respectively, across the sites and are not correlated significantly with rates of throughfall 
N inputs, tree species or land cover class. Net mineralization is correlated negatively with 
ISA (Figure 3.5; R2 = 0.43, p = 0.008) and positively with distance to urban core (R2 = 
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0.26, p = 0.05) and mass of litter at the site (Spearman’s ρ = 0.47, p = 0.04). Net 
nitrification is negatively correlated with ISA (R2 = 0.36, p = 0.02) and weakly positively 
correlated with soil bulk density (Figure 3.5; R = 0.41, p = 0.07, pseudo-R2 = 0.17). 
There is no clear best fit multivariate model for net mineralization or net nitrification.  
Soil respiration 
Mean rates of soil respiration across the 15 sites are 5.99 ± 0.93 µmol CO2 m-2 s-1 
and vary 6.5-fold across the sites, from 2.11 to 13.69 µmol CO2 m-2 s-1. Rates of soil 
respiration are not correlated (p > 0.05) with rates of throughfall NO3- or NH4+ inputs or 
tree species, but are positively correlated with soil NH4+ content (R2 = 0.56, p = 0.001), 
SOM (Figure 3.5; R2 = 0.38, p = 0.02), soil C:N ratio (R2 = 0.39, p = 0.01), and ISA 
(Figure 3.5; R2 = 0.27, p = 0.05). Consistent with results from Decina et al. (2016), rates 
of soil respiration vary significantly with land cover type (ANOVA, F = 5.04, p < 0.04). 
The best fit multivariate model for soil respiration incorporates ISA, soil NH4+ content, 
and net ammonification (Table 3.2; R2 = 0.75, p = 0.0003). 
 
DISCUSSION 
Atmospheric N deposition is a large input of reactive N into ecosystems. 
However, atmospheric monitoring networks generally do not measure this N flux in 
urban areas, and studies that have examined urban N deposition often have few urban 
sites, leaving much unknown about the magnitude, variability, drivers and 
biogeochemical consequences of urban N deposition. Our study addressed this 
knowledge gap and demonstrates that throughfall N inputs in urban areas are elevated, 
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highly variable, correlated with local vehicle N emissions, and largely decoupled from 
soil N and C cycling in urban ecosystems. 
Elevated and variable rates of throughfall N inputs 
We found that rates of throughfall N inputs across the greater Boston area are 
high compared to non-urban rates but also vary greatly, corroborating our first 
hypothesis. Throughfall N inputs in the greater Boston area are almost twice as high as 
the mean total (wet + dry) inorganic N deposition rate (4.50 ± 0.40 kg N ha-1) from 2010-
2014 at Abington, CT, the closest joint NADP and CASTNET site (~90 km southwest of 
Boston); we thus conclude that a significant amount of atmospheric inputs measured in 
our study are regional in nature, while the remaining inputs are likely local. Our 
measured rates of throughfall N inputs are 31 % higher than the ClimCalc modeled value 
for total (i.e., wet + dry) deposition at the urban core of Boston (6.63 kg N ha-1 yr-1; 
Ollinger et al., 1993, accessed July 5, 2016). In total, the variability of throughfall N 
inputs across our 15 sites is large (Figure 3.2) and similar to the range of throughfall N 
values across the entire Boston to Petersham, MA urban-to-rural gradient in the Rao et al. 
study (2014; Figure 3.3). These results suggest that atmospheric N inputs to urban 
ecosystems are not uniformly high across the urban matrix and indicate that measuring 
deposition at only one or two urban sites is not sufficient to quantify the mean and 
variance of urban deposition rates. 
Vehicle emissions as a source of atmospheric N inputs 
Consistent with our second hypothesis, we found evidence that local vehicle 
emissions of both NOx and NH3 are major sources of N deposited in the greater Boston 
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area. These findings agree with past results from road gradient studies showing increases 
in vehicle N emissions and/or throughfall N inputs with proximity to roads (Cape et al., 
2004; Kirchner et al., 2005; Bettez et al., 2013; Redling et al., 2013), and suggest that 
these patterns hold even in the highly heterogeneous urban landscape. The strong positive 
relationships we found between vehicle NOx emissions and throughfall NO3- inputs, 
vehicle NH3 emissions and throughfall NH4+ inputs, as well as proximity to roads and 
throughfall NH4+ inputs also corroborates the conclusions from past road studies showing 
that both oxidized (NOx) and reduced (NH3) species of vehicle N emissions have the 
ability to deposit within short distances from the locations where they are emitted, and 
that high levels of atmospheric NH3 emissions may lead to substantial rates of N 
deposition (Butler et al., 2015). 
The correlation at smaller spatial scale found between vehicle NH3 emissions and 
throughfall NH4+ inputs (250 m) as compared to vehicle NOx emissions and throughfall 
NO3- inputs (500 m) may be the result of the higher deposition velocity of NH3 compared 
to NOx, along with the longer atmospheric transport of NOx associated with secondary 
production of nitrogen dioxide (NO2) from the reaction of vehicle nitrogen monoxide 
(NO) with atmospheric ozone (O3; Cape et al., 2004). Inputs of reduced N were found to 
compose the majority of total N inputs in both this study (69.9 ± 2.2 %) and the urban-to-
rural gradient study by Rao et al. (2014; 77.2 ± 3.5%), as well as other studies in urban 
areas (Hu et al., 2007; Alebic-Juretic, 2008; Golobočanin et al., 2008, Wang et al., 2016). 
Though the ratio of NH4+ to NO3- in throughall inputs can be altered by tree canopy 
processes (Lovett and Lindberg 1993, Fenn et al., 2013; Templer et al., 2015b), the 
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relatively large contribution of NH4+ in throughfall inputs that we observed agrees with 
recent broad-scale trends of increasing atmospheric NH4+ inputs in wet-only deposition 
throughout the U.S. (Li et al., 2016). Consequently, our results indicate that vehicle NH3 
emissions, though currently unregulated in the U.S. (Sun et al., 2014) may have a greater 
effect than NOx emissions on rates of urban N deposition. 
Fertilizer as a source of atmospheric N inputs 
The late spring (the T1 sampling period, May 5 – Jun 25) enhancement in NH4+ 
inputs we observed has been found in other studies (Fu and Winchester, 1994; Ayars and 
Gao, 2007, Rao et al. 2014) and could be due in part to volatilization and subsequent 
deposition of NH3 from fertilizer applications (Bettez and Groffman, 2013), both from 
local sources such as residential gardens and municipal greenspaces area as well as 
agriculture from upwind areas within the region. Results from a Boston-area survey, 
included in Decina et al. (2016), show that 64% of residential homeowners in eastern and 
central Massachusetts fertilize their lawns; these residential fertilizer additions can be 
large (100 to 244 kg N ha-1 yr-1; Morton et al., 1988 and Law et al., 2004, respectively). 
Despite the fact that residents did not apply fertilizer N to the sites at the time of our 
study, NH3 emitted from N applied to nearby areas could have been deposited onto our 
sites (Cape et al., 2004). Moreover, seasonal variation in precipitation or vehicle N 
emissions cannot explain our observed rates of greater throughfall NH4+ inputs in late 
spring, as precipitation did not peak in the during this time period (National Weather 
Service, 2017) and we did not find vehicle N emissions to be significantly higher in this 
part of the year. We therefore infer that some of the late spring enhancement in 
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throughfall NH4+ inputs is due to fertilizer application in May and June, the beginning of 
the growing season in Boston. These results suggest that not only can excess fertilizer N 
from residential land management end up in runoff where it is applied (Cheng et al., 
2014), but potentially affect adjacent ecosystems through emission and local 
redeposition. 
Decoupling of soil N and C cycling from atmospheric N inputs in urban ecosystems – A 
distinct urban biogeochemistry? 
We did not observe significant relationships between soil solution NH4+, net 
mineralization, or net nitrification with throughfall N inputs in the highly-managed urban 
matrix of Boston. This finding is consistent with our third hypothesis, but is unlike past 
studies (with some exceptions, see Groffman et al., 2006) that document increasing rates 
of soil net N mineralization, net nitrification and/or N in soil solution along increasing 
gradients of N deposition (Lovett and Rueth, 1999; Padgett et al., 1999; Zhu and 
Carreiro, 2004; Chen et al., 2010; Fang et al., 2011). The only significant relationship we 
found between throughfall N inputs and soil N cycling was a positive correlation between 
throughfall NO3- inputs and soil solution NO3-, which is to be expected, as NO3- is a 
highly mobile ion (Gundersen and Rasmussen, 1995). The significant relationships we 
found between site properties such as SOM content, root mass and bulk density with soil 
solution N and net N mineralization suggest that overall soil N cycling in urban areas is 
less influenced by atmospheric inputs and more influenced by soil properties and possibly 
local land management practices. Soil properties in U.S. residential areas are influenced 
by landowner management regimes (Pouyat et al., 2010), which have been shown to 
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include substantial lawn N fertilizer and/or additions of labile carbon (Morton et al., 1988 
and Law et al., 2004; Decina et al. 2016).  
Similar to our N cycling results, we did not find a significant relationship between 
throughfall N inputs and rates of soil respiration. Nitrogen deposition typically suppresses 
soil CO2 efflux in non-urban soils (Janssens et al. 2010), leading to greater soil C storage 
(Pregitzer et al., 2008), but our results did not conform to this expectation. Our finding 
that soil properties (e.g., soil NH4+ content, SOM, and soil C:N ratio) drive rates of soil 
respiration in the greater Boston area demonstrates that local land management has a 
stronger effect on soil CO2 losses than N deposition within cities. 
The results of this study add to a growing body of work underscoring the 
significant differences between urban and non-urban biogeochemical fluxes (Kaye et al., 
2006) and highlight the limits of conventional thinking about the effects of N deposition 
on ecosystem N and C cycling. We illustrated this concept in Figure 3.6, which presents 
rates of N and C cycling in non-urban and urban ecosystems that we have worked on over 
the last several years in MA. In urban areas such as Boston, some fluxes, like throughfall 
N inputs and soil respiration, are elevated, while others, such as litterfall N (Templer et. 
al., 2015a), are lower compared to their non-urban counterparts. Uniquely urban 
phenomena, like the large local vehicular emissions of N and intensive residential land 
management, alter the urban landscape and atmosphere in ways that set them apart from 
non-urban areas. Studies focusing on N and/or C cycling in regions with urban influence 
should take into account these altered phenomena and the potential they have to disrupt 
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connections between atmosphere and soils and change the balance and fluxes of nutrients 
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TABLES AND FIGURES 
Table 3.1. Rates of throughfall N inputs, movement of N into soil solution, net 
nitrification and net mineralization, and soil respiration measured across 15 sites 
throughout the 2014 sampling period (May 6 – Nov 5). Values are means with standard 
error. 															 	
Measurement Means with SE 
Throughfall NH4+ inputs (kg N ha-1 yr-1) 6.23 ± 0.63  
Throughfall NO3- inputs (kg N ha-1 yr-1) 2.46 ± 0.16 
Throughfall inorganic N inputs (kg N ha-1 yr-1) 8.70 ± 0.68 
  
Soil solution NH4+ (µg N g resin-1 day-1) 0.69 ± 0.10 
Soil solution NO3-  (µg N g resin-1 day-1) 2.53 ± 0.37 
Soil solution inorganic N  (µg N g resin-1 day-1) 3.22 ± 0.42 
 
Net nitrification (µg N g dry soil-1 day-1) 0.36 ± 0.05 
Net mineralization (µg N g dry soil-1 day-1) 0.39 ± 0.05 
  Soil Respiration (µmol CO2 m-2 s-1) 5.99 ± 0.93 
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Table 3.2. Multivariate model parameters. Only statistically significant factors are 
included below. RSE = residual standard error, DF = degrees of freedom, AIC = Akaike 
Information Criterion. 
 
                    Linear model results 
Independent 




value RSE DF AIC 
Throughfall NH4+ Intercept 0.792 0.561 0.69 0.0007 1.41 11 12.20 
 
NOx emissions, 250 m 0.009 0.0003 
     
 
Distance to urban core 0.254 0.063 
              Throughfall NO3- Intercept 2.071 0.016 0.34 0.07 0.53 10 -14.74 
 
NOx emissions, 500 m -0.086 0.129 
     
 
Distance to urban core 0.001 0.026 
     
 
Distance to highway 0.006 0.149 
              Soil Solution NO3- Intercept 2.707 0.083 0.55 0.008 0.96 11 2.16 
 
Throughfall NO3- 0.721 0.115 
     
 
SOM -7.349 0.133 
     
 
Root mass -2.879 0.107 
              Soil Respiration Intercept -5.799 0.032 0.75 0.0003 1.78 11 20.72 
 
ISA 8.796 0.064 
     
 
Soil NH4+ 2.337 0.0002 











Figure 3.1. a. Average daily rates of throughfall NH4+ inputs over the four time periods of 
this study. b. Average daily rates of throughfall NO3- inputs over the four time periods of 
the study. Time periods from left to right in the boxplots are referred to in the text as T1, 
T2, T3 and T4 respectively. Boxes represent interquartile range (IQR) of the data, black 
line within boxes represents median values for each group, whiskers represent IQR x 1.5, 
open circles represent individual values that lie outside the IQR x 1.5. Distinct letters 
within each figure represent statistically significant differences in rates of throughfall N 
inputs with associated p-values in the upper right corner of each plot (linear mixed effects 

















Figure 3.2. Locations and mean annual rates of throughfall N inputs measured at 15 sites 
throughout the greater Boston area (range = 3.82 to 13.31 kg N ha-1 yr-1). Inset is U.S. 
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Figure 3.3. Mean annual rates of throughfall N inputs within the greater Boston area. 
Urban core (0 km) is Park Street Metro Station, Boston, MA. “Urban” data are from this 
study, sampled in 2014, while “Urban-Rural” data are from Rao et al. (2014), sampled in 





















Figure 3.6. Conceptual model showing rates of throughfall N inputs (kg N ha-1 yr-1), net 
N mineralization (µg N g soil1 d-1), potential soil N loss via leaching as measured by soil 
solution N (µg N g resin-1 d-1), soil respiration (µmol CO2 m-2 s-1), litterfall (kg N ha-1 yr-
1), vehicle CO2 emissions (Mg C ha-1 yr-1), vehicle NOx emissions (kg N ha-1 yr-1), and 
vehicle NH3 emissions (kg N ha-1 yr-1) in rural forest ecosystems of the northeastern 
United States and within urban residential areas. Rural rates of N deposition, soil 
respiration, soil solution N, soil N mineralization and litterfall are from Harvard Forest, 
Petersham, MA. Rural mobile emissions rates come from Harvard, MA, ~50 km east of 
Harvard Forest. Black text and arrows indicate rates. Letters indicate literature sources 
for reported estimates of rates. a Rao et al., 2014; b Giasson et al., 2013; c Urbanski et al., 
2007; d Contosta et al., 2011; e Templer et al., 2015a; f This study. This figure is a 
modified version of Figure 3 in Templer et al., 2015a. 
  






















CHAPTER FOUR: ATMOSPHERIC INPUTS OF NITROGEN, CARBON,  
AND PHOSPHORUS ACROSS AN URBAN AREA:  
UNACCOUNTED FLUXES AND CANOPY INFLUENCES 
 
ABSTRACT 
Rates of atmospheric deposition are declining across the United States, yet urban 
areas remain hotspots of atmospheric deposition. While studies show elevated rates of 
inorganic nitrogen (N) deposition in cities, less is known about atmospheric inputs of 
organic N, organic carbon (C) and phosphorus (P), all of which can affect ecosystem 
processes, water quality and air quality. Further, the effect of the tree canopy on amounts 
and forms of nutrients reaching the ground in urban areas is not well-characterized. We 
measured growing season rates of bulk atmospheric inputs and throughfall, as well as 
total (inorganic + organic) N, organic C and total P in soil solution around the greater 
Boston area. We found that organic N constitutes a third of total N inputs, inputs of 
organic C are comparable to rural inputs, and bulk inputs of P are three-fold higher than 
rural rates. Atmospheric inputs of N, C, and P are enhanced two-to-eight times in the late 
spring and are elevated beneath tree canopies as compared to open areas, suggesting that 
urban vegetation augments atmospheric inputs, which can enter urban waterways through 
runoff when trees are located above pavement. These results indicate that the urban 
atmosphere is a significant source of elemental inputs that may impact urban ecosystems 
and municipal efforts to improve water quality. Further, as cities create policies 
encouraging tree planting to provide ecosystem services, consideration of planting 
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location and potential for elevated inputs beneath tree canopies is essential to managing 
urban biogeochemical cycling and the quality of urban waterways. 
 
INTRODUCTION 
Rates of atmospheric deposition, particularly of nitrate (NO3-), have been 
declining around the United States (U.S.) over the last few decades (Li et al., 2016). 
Despite this broad-scale reduction, urban areas remain hotspots of atmospheric 
deposition; recent studies in urban areas demonstrate that rates of atmospheric deposition 
of inorganic nitrogen (N) are elevated more than twofold over rural rates, are highly 
spatially variable, and are positively correlated with impervious surface area and local 
vehicular N emissions (Templer and McCann, 2010; Fang et al., 2011; Rao et al. 2014; 
Decina et al., 2017). Elevated atmospheric inputs of inorganic N contribute to 
eutrophication in waterways (Valiela et al., 1997), a problem both within and near urban 
areas (Paerl 1997, Carpenter et al., 1998, Moore et al., 2003). While national monitoring 
networks that measure inorganic N in deposition have generally avoided cities (Lohse et 
al., 2008), some, such as the National Atmospheric Deposition Program (NADP) in the 
U.S. have recently begun to expand into urban areas such as New York City and Boston, 
Massachusetts (MA). However, in comparison to atmospheric deposition of inorganic N, 
less is known about the controls on and the effects of atmospheric inputs of other 
important elements in urban ecosystems, namely those of organic N, organic carbon (C) 
and phosphorus (P). 
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Studies dating back over 100 years have shown organic N to be a substantial 
component of N deposited in rainwater (Miller 1905), and others have shown dry 
deposition to be an important source of organic N (González-Benitez et al., 2009; 
Matsumoto et al., 2014). Organic N includes a variety of molecules (e.g. urea, amines, 
and peptides) found in aqueous, particulate, and gaseous phases with a range of solubility 
and reactivity (Cape et al., 2011). The amount of organic N as a proportion of total 
(inorganic + organic) N deposition has been found to be about a third in mostly rural 
locations across 160 studies worldwide (29%) and 58 studies in North America (35%; 
Cornell 2011). A similar proportion of organic N in total deposition has also been found 
in urban areas in several studies around the world (González-Benitez et al., 2009; He et 
al., 2011; Li et al., 2012; Matsumoto et al., 2014; Araujo et al., 2015; Chen et al., 2015; 
deSouza et al., 2015; Izquieta-Rojano et al, 2016). There have been five studies in the 
U.S. measuring organic N deposition in several small towns in Connecticut and North 
Carolina, as well as Miami, Florida, but three do not report urban site rates and the other 
two report percentages of organic N as total N of below 20% (Brezonik et al., 1983; 
Nadim et al., 2001; Keene et al., 2002; Luo et al., 2002; Zamora et al., 2011). The current 
proportion of total deposition composed of organic N is currently unknown in many large 
urban areas in temperate locations within the U.S., but if organic N deposition rates are 
found to be substantial, then current estimates of total N inputs into these ecosystems are 
inaccurately low. 
Like organic N, atmospheric deposition of organic carbon (C) is a large input of 
organic C to ecosystems, delivering 430 Tg of dissolved organic carbon (DOC) in rain to 
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the surface of the Earth per year (Willey et al., 2000), an amount equivalent to about half 
of the C delivered to oceans by rivers each year (IPCC, 2014). This sizeable deposition 
flux has the potential to affect regional C cycling, radiative forcing, and human health 
through creation of toxic compounds such as polycyclic aromatic hydrocarbons (Yan and 
Kim, 2012). Organic C contains compounds that are varied in structure and chemical 
properties (Likens and Galloway, 1983). Sources of atmospheric organic C are both 
biogenic, such as emission of volatile organic compounds (VOCs) from plants and forest 
fires, as well as anthropogenic, such as fossil fuel combustion (Iavorivska et al., 2016). A 
recent review of studies of deposition of organic C in mostly rural sites reported a global 
mean wet deposition flux of 34 ± 33 kg C ha-1 yr-1 across 40 sites and a mean wet 
deposition flux of 21 ± 19 kg C ha-1 yr-1 across seven sites in North America (Iavorivska 
et al., 2016). Studies conducted in urban areas have linked atmospheric organic C to 
fossil fuel emissions (Huang et al., 2010; Yan and Kim, 2012; Santos et al., 2014; Siudek 
et al., 2015; Wang et al., 2016) and deposition of organic C has been shown in some 
studies to be higher in urban than non-urban sites (Likens and Galloway, 1983; Lohse et 
al., 2008; Siudek et al., 2015). To our knowledge, deposition of organic C has only been 
measured in five cities of varying size and climate across the United States and at rates 
comparable to rural rates (Likens and Galloway, 1983; Velinsky et al., 1986; Sakugawa 
et al., 1993; Willey et al., 2000; Lohse et al., 2008), but with so few studies, organic C 
deposition in urban areas is still poorly understood. 
An essential nutrient for biota, P is often the limiting element in many tropical 
terrestrial and aquatic ecosystems, with excess inputs causing freshwater eutrophication 
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(Smil 2000; Mahowald et al., 2008). Rates of P in atmospheric deposition have been 
found to be minimal across mainly rural locations in 250 sites around the world and 38 
sites in North America (mean rates = 0.27 kg P ha-1 yr-1 and 0.29 kg P ha-1 yr-1, 
respectively; Tipping et al., 2014). With many atmospheric sources in cities such as 
industrial activity, dust from roads and construction sites, combustion of fossil fuels, 
fertilizer, and biogenic particles, it is not surprising that studies in some urban locations 
report rates of P deposition elevated above the mean value for rural sites (Eisenreich et 
al., 1977; Hou et al., 2012), and in some cases up to 2 kg P ha-1 yr-1 (He et al., 2011; Sun 
et al., 2014; Pandey et al., 2016).  These urban fluxes are comparable to or greater than 
mean rates of P in runoff from a variety of urban land uses (0.7 kg P ha-1 yr-1; Burton and 
Pitt, 2002). Deposition of P in the U.S. has been measured in urban areas in five states 
(Eisenreich et al., 1977; Brezonik et al., 1983; Pollman et al., 2002; Koelliker et al., 2004; 
Lohse et al., 2008) with variable rates of atmospheric P deposition reported across 
studies. As many cities in the U.S. are being required by the U.S. Environmental 
Protection Agency, as well as local agencies, to regulate the amount of P in their 
waterways (Boyer 2012), quantifying the magnitude of the atmospheric P flux is crucial 
for determining and mitigating urban P pollution. 
In addition to unaccounted fluxes of organic elements and P, the effect of the 
urban tree canopy on rates of urban deposition and nutrient budgets is largely unknown. 
While many cities have undertaken urban tree planting efforts to provide ecosystem 
services such as shading to reduce the urban heat island effect (Bowler et al., 2010), the 
tree canopy is known to augment rates of nutrient deposition to the ground in non-urban 
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areas through capturing dry deposition (Lovett and Lindberg, 1993), as well as canopy 
leaching of nutrients (Kopáček et al., 2009) and the production of pollen (Kopáček et al., 
2011a), insect frass (le Mellec et al., 2011), and other biological material (Pedersen and 
BilleHansen, 1995; Osono et al., 2006). One study showed elevated rates of throughfall 
(inputs beneath tree canopy) compared to bulk (inputs beneath open sky) deposition in 
Baltimore, but this study had just two urban sites that were not collocated (Bettez and 
Groffman, 2013). Though urban soils have been shown to have a high capacity for 
retention of excess nutrient inputs (Groffman et al., 2004; Wollheim et al., 2005), in 
urban areas some of the tree canopy is located over paved, impervious surfaces like 
streets and sidewalks. Thus, elevated rates of deposition beneath tree canopies may 
represent a large, direct flux of nutrients to urban waterways and wastewater systems via 
runoff over pavement without the mitigating effect of urban soils and understory 
vegetation. As cities continue to pursue tree planting programs, it is essential to 
determine the potential effects of the tree canopy on delivery of atmospheric inputs to 
soils and nearby waterways. 
Urban atmospheric monitoring does not just present challenges in terms of which 
fluxes are measured and where, but also because of disturbance, particularly when 
equipment must be left in the field. Studies in urban areas have used backyards (Rao et 
al., 2014; Decina et al., 2017), previously established monitoring sites (Juknys et al., 
2007; Li et al., 2013), and roofs (Kaya and Tuncel, 1997; Al-Momani et al., 2001; Pan et 
al., 2012) to reduce the likelihood of vandalism. While roof sampling provides a 
protected area in which to leave equipment, to our knowledge no studies have compared 
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measurements of atmospheric deposition rates between roof and ground level. Another 
challenge with urban monitoring is that, as atmospheric deposition in urban areas has 
been shown to be highly spatially variable (Decina et al., 2017), numerous sites are likely 
needed to accurately measure rates of urban deposition. Though wet deposition 
measurements made by networks such as the NADP provide high quality data, 
measurements are both costly and labor intensive, making it difficult to have more than 
one measurement site in an area as small as a city. As an alternative approach, ion 
exchange resin collection, has been utilized at multiple locations within a small area to 
measure atmospheric deposition. This approach is relatively inexpensive, both in terms of 
time and money, compared to traditional NADP measurements (Simkin et al., 2004; Fang 
et al., 2011; Templer et al., 2015b). However, to our knowledge past studies have not 
directly compared wet deposition measurements in urban areas using the traditional 
NADP approach to the use of ion exchange resin, which is necessary if this cost and time 
efficient method is to be adopted widely.  
In 2015, we measured total N, organic C, and total P in bulk and throughfall 
atmospheric inputs at nine sites throughout the greater Boston area, five of which had 
collocated bulk and throughfall measurements. To quantify the effect of urban 
atmospheric inputs on the loss of these compounds in urban soils, we also measured total 
N, organic C, and total P in soil solution at the five of these sites which had soils. We also 
measured atmospheric inputs at collocated roof and ground sites and compared 
measurements of bulk deposition at an NADP National Trends Network (NTN) site to 
ion exchange resin measurements for comparison of fluxes. We expected to find that 1) 
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organic N constitutes about a third of total atmospheric N inputs, 2) rates of organic C 
inputs are comparable or elevated compared to rural rates, 3) rates of atmospheric P 
inputs are negligible, and 4) inputs of all elements beneath tree canopies are amplified 




Study area and site selection 
The Boston, MA metropolitan area has 4.5 million inhabitants and is the most 
populous metropolitan area in New England (U.S. Census Bureau, 2013). The area 
experiences about 115 cm of precipitation per year and mean summer and winter air 
temperatures of 22.2°C and 0.2°C, respectively (National Climatic Data Center, 2016). 
The state of MA is primarily covered with mixed deciduous forest (Homer et al., 2015), 
with oak trees (Quercus spp.) among the most common canopy species. We sampled at 
nine sites. Three sites (sites 1, 6 and 7) were collocated with MA Department of 
Environmental Protection air quality monitoring stations, two sites were collocated with 
current (site 9) and former (site 3) National Atmospheric Deposition Program (NADP) 
National Trends Network (NTN) sites, and two were located on rooftops at Boston 
University (sites 8 and 9). Ground site 1 and roof site 8 were collocated, with site 1 a 
distance of 75 m from site 8. Site details are reported in Table 4.1. 
Bulk and Throughfall total N, organic C and total P  
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We measured both bulk and throughfall total N, organic C, and total P inputs. 
Bulk measurements were made by placing three ion exchange resin collectors beneath 
open sky (no tree canopy, n = 27 resin collectors total) at each site. For sites with 
throughfall measurements (sites 1-5), three additional ion exchange resin collectors were 
placed beneath the tree canopy (n = 15 resin collectors total). Bulk measurements capture 
mostly wet (ions dissolved in precipitation) and some dry (particulate and gaseous) 
atmospheric inputs (Lovett, 1994). Throughfall measurements have been in common use 
for the last three decades to estimate wet and dry N inputs from the atmosphere to the 
surface of the Earth (Lovett and Lindberg, 1993; Bettez and Groffman 2013; and many 
others). In throughfall, particles and gases adsorbed or dissolved on leaf cuticle surfaces 
in the tree canopy wash off during precipitation events, and the precipitation containing 
these species as well as ions already dissolved in the precipitation enters the throughfall 
collector. As tree canopy can alter throughfall chemistry by uptake of ions and 
conversion of ions by microbes and leaf surfaces (Lovett and Lindberg, 1993; Sparks, 
2009; Fenn et al., 2013; Templer et al., 2015b; Templer et al., 2015c), this method 
provides an approximation, rather than a direct measurement, of total wet and dry 
atmospheric inputs. The throughfall method does represent the total nutrient flux reaching 
the ground surface however, regardless of whether these inputs are atmospheric in nature 
or are canopy-derived.  
 At all nine sites, ion exchange resin collectors collected bulk and/or throughfall 
inputs from May 12 to October 24, 2015 and were replaced three times after initial 
installation for a total of four measurement periods. These measurement periods are 
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referred to in the text as T1 (May 12 – Jun 22), T2 (Jun 22 – Aug 3), T3 (Aug 3 – Sep 14) 
and T4 (Sep 14 – Oct 24). Each ion exchange resin collector consisted of a polypropylene 
funnel attached to a 20 mL polypropylene chromatography column (BioRad, Hercules, 
CA) filled with mixed anion-cation exchange resin (Dow Chemical, U.S.A.). A ball of 
polyester fiberfill was inserted into the opening of the funnel to filter large particles, and 
the funnel/column setup was mounted atop a 1 m tall piece of PVC (method described in 
greater detail in Templer and McCann, 2010). Charged ions such as ammonium (NH4+) 
and NO3-, organic C compounds and phosphate (PO43-) were adsorbed onto the ion 
exchange resin as rainwater percolated through the chromatography column.  
In the laboratory, resin from each ion exchange resin collector was extracted with 
a total of 150 mL 2M KCl and shaken on a shaker table for three 30 minute intervals over 
1.5 hours. The extract solution was analyzed for NH4+, NO3-, and PO43- via the 
colorimetric microplate method (Sims et al., 1995). Briefly, samples were pipetted into 
96-well microplates with two standard curves per plate (one at the beginning and one at 
the end) with an external quality control (QC) solution (NH4+ ion ERA #985; NO3- ion 
ERA #991; PO43- ion ERA #993; ERA, Golden, CO) for each curve and a QC and 
standard check solution in the middle (after nine samples). Procedures for making and 
adding reagents to microplates, as well as analysis of microplates on a microplate reader 
(VersaMax microplate reader, Molecular Devices, Sunnyvale, CA) followed Sims et al. 
(1995) and Doane and Horwàth (2003) for NH4+ and NO3- and D’Angelo et al. (2001) for 
inorganic P.  
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Total N and organic C were analyzed on a Total N-Total Organic Carbon 
Analyzer (Shimadzu, Kyoto, Japan) in the Weintraub laboratory at the University of 
Toledo. For analysis of total P, samples underwent an alkaline persulfate digestion in an 
autoclave at 120°C for 90 minutes to convert all P in the sample to inorganic PO43- 
following DeBorba et al. (2014). As a digestion efficiency check, samples of a known 
concentration of organic P (0.5 ppm glycerophosphate) were digested along with field 
samples. Based on these calculations, values for total P in samples were adjusted upwards 
4.9%. Organic N and P were determined as the difference between inorganic N or P and 
total N or P. For samples where the total N or P were found to be less than inorganic N or 
P, we set organic N or P to zero, resulting in total N or P being equivalent to inorganic N 
or P.  
Concentrations in ion exchange extract solutions were converted to per area rates 
by multiplying concentration by the total volume of KCl used to extract samples (150 ml) 
and dividing by the surface area of the funnel top (20.2 cm diameter). Values for bulk and 
throughfall N, organic C, and total P measurements were presented in per-day units in 
order to examine temporal variation across the sampling dates as well as per-year units in 
order to compare the values from this study to those in other studies. Estimates of average 
daily and annual flux rates were based on the mean flux values from the three replicates 
at each site for each type of measurement (bulk or throughfall), summed over the four 
time periods, and divided by the total number of days in the field with annual values 
equal to the daily value multiplied by 365 days.  For throughfall, we additionally 
calculated annual fluxes based only on the final three time periods, following the 
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procedure above, but excluding the first time period, which occurred during late spring 
(T1: May 12 – June 22). This additional calculation was made to compare extrapolation 
to the entire year from all four time periods vs. the last three time periods only, since the 
late spring sampling period (T1) was elevated compared to the other three sampling 
periods (more detail provided below).  
Soil Solution total N, organic C and total P 
Soil solution total N, organic C, and total P were measured at the five sites with 
available soil (sites 2, 3, 4, and 5, and underneath the throughfall collectors only at site 
1). Two porous nylon bags (“resin bags”; n = 6 per each bulk or throughfall site; n = 54 
total per measurement period) filled with 10 g of ion exchange resin were buried within 
25 cm of each ion exchange resin collector at a depth of 10-15 cm beneath the soil 
surface to measure mobile total N, organic C, and total P in soil solution. The amount of 
total N, organic C, and total P accumulated in resin bags provides a proxy for soil total N, 
organic C, and total P that may be potentially lost in leachate and is referred to 
throughout the paper as “soil solution”. Bags were replaced once after installation for a 
total of two measurement periods spanning the entire length of the study from May 6 to 
November 5, 2015.  Upon collection from the field, ion exchange resin from each resin 
bag was extracted with a total of 150 mL 2M KCl and shaken for three 30 minute 
intervals over 1.5 hours. Extracts were analyzed for NH4+, NO3-, and PO43- using the 
colorimetric microplate method, the persulfate digestion method for total P, and in the 
Weintraub Lab at the University of Toledo for total N and organic C (see above for 
details), and the organic fraction of N or P determined in the same way as with 
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atmospheric input measurements. Concentrations of total N, organic C, and total P in KCl 
solution were converted to daily rates of total N, organic C and total P per gram resin by 
multiplying the solution concentration by the total volume of KCl used to extract samples 
(150 ml) and dividing by the amount of resin in each resin bag (10 g). Values for soil 
solution total N, organic C, and total P were averaged across the six replicates at each 
site, summed over the season, and divided by days in the field to provide a daily rate per 
site. 
National Atmospheric Deposition Program Data 
Our three bulk ion exchange resin collectors at site 9 were collated with NADP 
NTN wet deposition site MA22 (Boston University). The NADP site collects wet-only 
deposition using an N-Con Systems ADS Atmospheric Precipitation Sampler (N-Con 
Systems, Crawford, GA) and uses an ETI Instrument Systems NOAH IV rain gauge 
(ETI, Fort Collins, CO) to enable conversion from deposition concentration to flux 
values. Samples from this site are collected weekly and sent to the NADP Central 
Analytical Laboratory (CAL) at the University of Illinois for processing (for more 
information, see the NADP NTN website at nadp.sws.uiuc.edu/ntn/), and the site came 
online June 16, 2015. Data from our bulk ion exchange resin collection and MA22 wet 
deposition measurements were compared for the time that both were deployed and 
operational. Measurement comparisons began on June 23, with the beginning of the 
second time period of bulk ion exchange resin collection and a new sampling week for 
the NADP site. One mismatch between bulk ion exchange resin collectors and the NADP 
wet deposition measurements occurred during this time period; bulk ion exchange resin 
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collectors were removed from site 9 on October 24, while the NADP wet deposition 
measurements for that week continued until October 27. There was a rain event on 
October 25 that was therefore included in NADP wet deposition measurements, but not 
included in bulk ion exchange resin collection measurements. 
Statistical Analyses 
All statistical analyses were conducted in RStudio (The R Project for Statistical 
Computing, version 1.0.136). All error values reported are given in standard error (SE). 
Shapiro-Wilk tests and quantile-quantile plots were used to test for normal distribution of 
data and equal variance. Linear mixed effects model ANOVAs were used to examine 
time period differences in NH4+, NO3-, organic N, organic C, and inorganic and organic P 
in atmospheric inputs and in soil solution with time as the fixed effect and site as the 
random effect. A Tukey’s Honestly Significant Difference (HSD) posthoc test was 
conducted after the mixed effects model ANOVA to determine which fluxes were 
statistically significantly different from one another across time periods. For normally 
distributed data, a Welch’s t-test was conducted to test the difference between annualized 
throughfall and bulk inputs, the difference in soil solution beneath bulk and throughfall 
collectors, as well the difference between roof and ground measurements, for all analytes. 
For non-normally distributed data, a Wilcoxon rank sum test was conducted to test the 
difference between annualized throughfall and bulk inputs and the difference in soil 
solution beneath bulk and throughfall collectors. Statistical significance was determined 
at α ≤ 0.05. Finally, to remove outliers, nine out of 466 N and P samples of atmospheric 
inputs and soil solution greater than four standard deviations from the mean for that 
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sample period were replaced with average values for the site at which they were 
measured. 
		
RESULTS AND DISCUSSION 
Atmospheric bulk and throughfall inputs 
Our results demonstrate that atmospheric deposition is an important source of 
organic N, organic C, and total P to urban ecosystems, showing that these fluxes should 
be measured in other urban areas. Supporting our first hypothesis, organic N makes up 
38.5 ± 1.9 % of total (inorganic + organic) bulk N inputs across study sites (Table 4.2); 
taking into account inputs of organic N increases estimates of bulk inputs of total N by 
63.4 ± 5.4 % across study sites. This substantive fraction of organic N as a percentage of 
total N agrees with mean literature values of 35% across 58 studies in mainly rural sites 
in North America (Cornell 2011), but is substantially larger than percentages in the few 
U.S. cities in which it has been reported (range: 7 to 17.2 %; Nadim et al., 2001, Zamora 
et al., 2011). Corroborating our second hypothesis, the rate of organic C inputs in bulk 
deposition (18.32 ± 3.0 kg C ha-1 yr-1; Table 4.2) is comparable to values reported in 
seven studies in mainly rural sites in North America (21 ± 19 kg C ha-1 yr-1; Iavorivksa et 
al., 2016) and is in the middle of the range of values from four studies measuring organic 
C in U.S. cities (range: 8 to 42 kg C ha-1 yr-1; Likens and Galloway, 1983; Velinsky et al., 
1986; Willey et al., 2000; Lohse et al., 2008). Contrary to our third hypothesis, the rate of 
bulk atmospheric inputs of P (0.77 ± 0.26 kg P ha-1 yr-1; Table 4.2) is almost three times 
higher than mean bulk input rates reported across 38 studies from mostly rural sites in 
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North America (0.29 kg P ha-1 yr-1; Tipping et al., 2014) and higher than P measured in 
precipitation in the few U.S. cities in which it has been reported (range: 0.05 to 0.56 kg P 
ha-1 yr-1; Eisenreich et al., 1977; Koelliker et al., 2004). 
 Similar to bulk deposition, organic N makes up 35.3 ± 2.9 % of total 
throughfall N inputs across our study sites (Table 4.2); taking into account organic N 
increases estimates of total N inputs by 55.9 ± 7.1 % across study sites, a result similar to 
two urban studies in Brazil and Spain (deSouza et al., 2015; Izquieta-Rojano et al., 2016). 
We did not find any studies conducted in U.S. cities that measured organic N in 
throughfall to which we could compare our results. Our measured rates of throughfall 
organic C (Table 4.2; 94.46 ± 10.4 kg C ha-1 yr-1) are in the middle of the range of values 
found across numerous rural studies (range: 29 to 161 kg C ha-1 yr-1: Michalzik et al., 
2001; Schmidt et al., 2009; Pitman et al., 2010; Fujii et al., 2011; Arisci et al., 2012), but 
to our knowledge, no study reports organic C in throughfall in cities around the world. 
Rates of throughfall P (Table 4.2; 5.21 ± 0.8 kg P ha-1 yr-1) are higher than throughfall 
rates found in non-urban studies (range 0.34 to 2.7 kg P ha-1 yr-1: Kopáček et al., 2011b; 
Parron et al., 2011; Coble and Hart 2013; Runyan et al., 2013; Lequy et al, 2014; Du et 
al., 2016; Salehi et al., 2016), but as with organic C, we did not find any past urban 
studies measuring P in throughfall worldwide. 
Taken as a whole, these results suggest that atmospheric deposition can be an 
important source of organic N, organic C, and total P in urban areas. As many studies and 
atmospheric monitoring networks have not measured these fluxes in urban areas, little is 
known about broad scale trends and patterns of their atmospheric input to cities. This 
		81	
omission prevents accurate quantification of urban atmospheric inputs and may lead to an 
underestimation of N and P inputs to ecosystems, particularly in terms of P, where bulk 
atmospheric inputs of P are comparable to observed mean urban rates of runoff (0.7 kg P 
ha-1 yr-1; Burton and Pitt, 2002), a flux which is known to contribute to freshwater 
eutrophication (Glandon et al., 1981; Arnold and Gibbons, 1996, Carpenter et al., 1998). 
Given the importance of urban nutrient inputs for ecosystems and water quality, these 
results identify a potentially important source of non-point nutrient and C inputs in cities. 
Future work should build on this study and aim to describe atmospheric fluxes of organic 
N, C, and P in multiple cities in order to quantify the atmospheric contribution to N, C 
and P budgets. 
Canopy influence on inputs to urban ecosystems 
Substantiating our fourth hypothesis, comparing bulk and throughfall inputs 
indicates that the urban tree canopy enhances nutrient inputs to urban ecosystems. 
Throughfall inputs were higher than bulk inputs for all analytes (p < 0.05; Table 4.2), 
likely due to a combination of the capture of dry deposition on canopy surfaces (Lovett 
and Lindberg, 1993), inputs from the tree canopy itself (Kopáček et al., 2009), as well as 
other biological matter (Pedersen and BilleHansen, 1995; Osono et al., 2006; Kopáček et 
al., 2011a). In urban areas with extensive canopy cover, these elevated throughfall inputs 
may represent a substantial, concentrated input of nutrients to urban ecosystems. The city 
of Boston has 25.5% canopy cover (Raciti et al., 2014), an amount similar to mean 
canopy cover rates in urban areas across the U.S. (27.1 %; Nowak and Crane, 2002). 
With significant tree cover and efforts in many cities to enhance canopy cover for a 
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variety of management goals, including mitigation of the urban heat island effect, C 
capture, improved water quality and beautification (Young, 2011), our results show that it 
is important to understand how the canopy can affect biogeochemical cycling and inputs 
of elements to the ground surface and nearby waterways of urban areas.  
Throughfall inputs during the late spring sampling period (T1: May 12 – June 22) 
were two to eight times greater than throughfall during the rest of the growing season, 
depending on the analyte (Figure 4.1), a result found in other studies (Ayars and Gao, 
2007; Izquieta-Rojano et al. 2016; Decina et al., 2017). Considering that the late spring 
pulse may not be representative of the entire growing season, we calculated annual rates 
of deposition both with and without this sampling period; excluding the late spring 
throughfall value reduces annualized rates of throughfall inputs from 33 – 63 % for each 
analyte with the exception of NO3-, which only is reduced about 9 % by excluding the 
late spring period (Table 4.2). Excluding the late spring sampling period, throughfall 
remained greater than bulk inputs for all analytes, but was significantly higher during the 
T1 sampling for inorganic P and organic C only (p = 0.04 for organic C and p = 0.02 for 
inorganic P; Table 4.2). These elevated late spring inputs are likely due to a combination 
of pollen deposits, enhanced activities by microbes and deposition of aphid honeydew 
and insect frass, as well as fertilizer that has aerosolized or volatilized and deposited onto 
canopy surfaces (Stadler and Michalzik, 1998; Kopáček et al., 2011a; le Mellec et al., 
2011; Bettez and Groffman, 2013; Templer et al., 2015b; Templer et. al., 2015c). 
 Studies have shown that urban soils have the capacity to retain a 
significant portion of elevated atmospheric deposition inputs (Groffman et al. 2004; 
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Wollheim et al., 2005), thus decreasing export of nutrients into nearby waterways via 
internal cycling and uptake, as well as gas loss to the atmosphere. Despite elevated rates 
of atmospheric inputs beneath the canopy, the similarity in our measured rates of N, C, 
and P in soil solution between sites in the open and beneath the canopy indicates, in 
agreement with past studies, that soils in Boston may retain excess inputs of these 
elements to urban ground surfaces, regardless of tree canopy cover (Table 4.2), crucially 
reducing their loading to nearby waterways. However, unlike in forests, tree canopy in 
urban areas is not always located above soil; for example, canopy along streets can 
overhang impervious pavement. In Boston, we calculated that 26.1 % of the tree canopy 
is located above impervious surfaces. Impermeable surfaces increase the amount and 
velocity of runoff (Jennings and Jarnagin, 2002), meaning that inputs above impervious 
surfaces are more susceptible to flowing directly into waterways without being processed 
in soils. The urban tree canopy therefore not only amplifies rates of atmospheric inputs, 
but because a significant proportion of it is located above paved ground, may also 
represent a large flux of nutrients to urban waterways through runoff if nutrients are not 
retained in other permeable surfaces.  
We present a conceptual diagram (Figure 4.2) of the fate of elements deposited 
beneath the urban tree canopy located above permeable and impervious surfaces. When 
inputs of elements are deposited through a tree canopy onto permeable surfaces, runoff 
decreases and the residence time of the element increases, providing the opportunity for 
an element to be cycled, taken up by vegetation and retained within the system 
(Wollheim et al., 2005). Additionally, these inputs are able to remain in the soil long 
		84	
enough to be lost in gaseous form, and a smaller fraction is lost via leaching to waterways 
(McPhillips et al., 2016). Conversely, inputs deposited from a tree onto an impervious 
surface like pavement are quickly lost to runoff, providing little opportunity or time for 
internal cycling or gaseous loss (Wollheim et al., 2005). While vegetation provides 
numerous ecological (Bowler et al., 2010; Nowak et al., 2013) and social (Branas et al., 
2011; Alcock et al., 2014) benefits in urban areas, the relative proportion of canopy 
covering soils as opposed to paved ground should be considered during urban greening 
efforts to minimize the loading of nutrients to waterways from throughfall. 
Methodological comparisons  
Many urban atmospheric deposition studies utilize roof sampling techniques 
(Kaya and Tuncel, 1997; Hou et al., 2012; Sun et al., 2014), but we are unaware of 
published studies quantifying potential differences in deposition rates between the roof 
and ground. There were no statistically significant differences between our roof and 
ground samples for NH4+, NO3-, organic N, inorganic P, or organic P (p > 0.05; Figure 
4.3), nor for NH4-N as a percentage of inorganic N, inorganic N as a percentage of total 
N, or inorganic P as a percentage of total P (p > 0.05). In contrast, the ground site had 
more than two times the amount of organic C compared to the roof site (Figure 4.3; p = 
0.02). As the ground site is located adjacent to a road, this elevated rate may be due to the 
influence of particulates from vehicular emissions, a known source of organic C 
(Iavorivska et al., 2016), which did not rise within the atmosphere to the height of the 
roof collector. Altogether, these results suggest that roof sampling may be a viable 
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solution to urban atmospheric sampling where finding suitable ground locations to leave 
monitoring equipment undisturbed can be difficult to find. 
The cumulative total amount of measured NADP wet deposition between June 22 
and October 27 was similar for the NADP values and our ion exchange resin values for 
total inorganic N (NH4+ + NO3-; Figure 4.4). However, we find an underestimation of 
NH4+ by our ion exchange resin collectors by 18 % and an overestimation of NO3- by our 
ion exchange resin collectors by 32 % (Figure 4.4). Sampling of atmospheric inputs in 
urban areas requires numerous sites to quantify the high spatial variability in deposition 
rates in urban areas (Decina et al., 2017), and operating numerous NADP NTN wet 
deposition sites in a city can be a costly and labor intensive process. Our results indicate 
that bulk ion exchange resin collection may be a feasible alternative to NADP NTN wet 
deposition collection measurements for total inorganic N when cost and labor are a 
concern, but care should be given if researchers are interested in accurately quantifying 
specific forms of inorganic N. 
		
CONCLUSIONS 
While a number of studies have reported large enhancements in inorganic N 
deposition in urban areas (Lovett et al., 2000, Fang et al., 2011, Rao et al., Templer and 
McCann 2010, Decina et al., 2017), there are relatively few studies that simultaneously 
measure atmospheric bulk and throughfall inputs of organic N, organic C, and P. This 
study demonstrates that organic N makes up a substantial component of urban 
atmospheric N inputs, that atmospheric inputs of organic C are on par with inputs in rural 
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areas, and that rates of urban atmospheric P inputs are high compared to rural rates. We 
also find that urban throughfall inputs of N and organic C and P are higher than bulk 
inputs, suggesting that the tree canopy amplifies inputs to urban ground surfaces and, as 
urban tree canopy is often located above impervious surfaces, potentially to waterways 
through runoff. Further, we show that sampling of atmospheric inputs on roofs and using 
ion exchange resin are viable options for sampling in urban areas since measured rates 
are similar to ground and established NADP wet deposition methods, respectively. 
Together, these findings suggest that atmospheric inputs in cities may contribute 
substantially to urban biogeochemical budgets, that cities should consider the location of 
paved surfaces when planting trees to minimize loading of nutrient inputs to waterways, 
and that there are low cost, labor saving and practical ways to study atmospherically-
derived pollution in urban ecosystems. As the urban population continues to grow both 
around the world (United Nations, 2015) and in the U.S. (U.S. Environmental Protection 
Agency, 2014), finding effective ways of monitoring and mitigating anthropogenic 
pollution and providing ecosystem services in cities is essential. Cities should consider 
atmospheric inputs and the augmentation of fluxes of elements to urban ground surfaces 
by urban trees when undertaking efforts to provide clean air, clean water and tree canopy 
for their residents. 
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TABLES AND FIGURES 
Table 4.1. Details about sites throughout Boston, MA. All sites located in the city of 
Boston, with the exception of site 3, located in Waltham, MA. Atmospheric Inputs = 
measurement type; NADP = site collocated with a current or former National 
Atmospheric Deposition Program National Trends Network site. Sites 1 and 8 at 








1 Kenmore Square 
Bulk, 
Throughfall Yes No No Malus sp. 
2 Charles River 
Bulk, 
Throughfall Yes No No Quercus sp. 
3 Community Farm 
Bulk, 
Throughfall No No Yes, former Acer sp. 
4 Weld Hill 
Bulk, 
Throughfall No No No Quercus sp. 
5 Bussey Brook 
Bulk, 
Throughfall No No No Prunus sp. 
6 Dorchester Bulk Yes No No N/A 
7 Roxbury Bulk No No No N/A 
8 Kenmore Square Bulk   No Yes No N/A 
9 
Boston 






Table 4.2. Rates of bulk and throughfall N, P, and C inputs and movement of N, P, and C 
into soil solution measured throughout the 2015 growing season. Values are means with 
standard error. Distinct letters across columns indicate statistically significant differences 
in atmospheric inputs in bulk and throughfall both including and excluding the T1 (late 
spring) time period. There were no statistically significant differences in soil solution 




(kg ha-1 yr-1) 
Soil solution 
(µg g resin-1 d-1) 




excluding T1 Bulk Throughfall 
NH4+-N 4.01 ± 1.39a 11.77 ± 2.29b 7.11 ± 3.37a 0.58 ± 0.18 0.62 ± 0.14 
NO3--N 1.22 ± 0.02a 3.13 ± 1.08b 2.85 ± 0.81a 0.98 ± 0.12 1.45 ± 0.52 
Inorganic N 5.23 ± 1.39a 14.90 ± 2.40b 9.96 ± 3.70a 1.56 ± 0.27 2.07 ± 0.42 
Organic N 3.65 ± 1.12a 7.99 ± 1.13b 4.72 ± 1.71a 0.49 ± 0.11 0.32 ± 0.10 
Total N 8.88 ± 2.49a 22.89 ± 3.25b 14.68 ± 5.31a 2.05 ± 0.37 2.39 ± 0.36 
    
  
 Inorganic P 0.66 ± 0.24a 4.83 ± 0.80b 2.45 ± 0.65b 0.03 ± 0.01 0.03 ± 0.01 
Organic P 0.11 ± 0.02a 0.38 ± 0.06b 0.14 ± 0.03c 0.07 ± 0.05 0.05 ± 0.02 
Total P 0.77 ± 0.26a 5.21 ± 0.79b 2.60 ± 0.67a 0.10 ± 0.06 0.07 ± 0.03 
    
  

























Figure 4.1. Daily rates of bulk and throughfall (TF) inputs of a. nitrate, b. ammonium, c. 
organic nitrogen, d. organic carbon, e. inorganic phosphorus, and f. organic phosphorus 
over the four time periods of the study. Boxes represent interquartile range (IQR) of the 
data, black line within boxes represents median values for each group, whiskers represent 
IQR x 1.5, open circles represent individual values that lie without the IQR x 1.5. Distinct 
letters represent statistically significant differences among rates of bulk deposition 
(lowercase letters) across the four time periods, and among throughfall inputs (uppercase 
letters) across the four time periods with associated p-values in the upper right corner of 
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Figure 4.2. Conceptual diagram hypothesizing the relationship between atmospheric 
inputs, urban tree canopy, and ISA. a. Image of Boston with red box around the area 
whose aerial image is shown in panels b, c, and d b. Aerial image of a section of the 
neighborhood containing sites 1, 2, 8, and 9 c. The same aerial image from panel b with 
all canopy cover colored dark green d. The same aerial image from panel c with canopy 
cover above soil colored dark green and above impervious surface colored light green e. 
The potential fate of atmospheric inputs above soil f. The potential fate of atmospheric 
inputs above pavement. Arrows represent fluxes and numbers represent 1. bulk 
deposition, 2. throughfall inputs, 3. soil cycling, 4. uptake by vegetation,  5. gaseous 
losses, and 6. losses to waterways through runoff. Inputs received over impervious 
surface have a higher potential to runoff directly into nearby waterways, while a portion 
of inputs received over soils are cycled within the soil and vegetation and lost as gas, 
















































Figure 4.3. Rates of atmospheric bulk inputs at collocated ground (site 1) and roof (site 8) 
sites. a. phosphorus b. nitrogen, and c. organic carbon measured throughout the 2015 

































































































Figure 4.4. Rates of deposition at collocated site 9 (bulk deposition, ion exchange resin 
collectors) and NADP NTN site MA22 (wet deposition, NADP wet-only collector) in 
2015. a. Atmospheric inputs of inorganic nitrogen, b. nitrate, and c. ammonium. Values 
for bulk deposition measured via ion exchange resin collector are means with standard 
error, integrated over the time periods indicated by line segments at the bottom of each 
plot. Error bars for ion exchange resin values for ammonium are too small to see. Values 
for NADP wet deposition are values from the solitary NADP NTN collector and thus no 
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CHAPTER FIVE: CONCLUSION 
The goal of my dissertation is to describe the effects of urbanization on cycles of 
C, N, and P, in particular fluxes of atmospheric deposition, soil respiration, and soil N 
cycling. Urbanization is one of the major human effects on ecosystems worldwide, and it 
will continue to increase in intensity over the next century (United Nations, 2015). 
Previous research suggests that biogeochemical cycles in cities are distinct in having 
higher rates of soil respiration and elevated fluxes of N and P from the atmosphere 
compared to rural areas. However, because many studies of urban biogeochemical cycles 
have ignored biological processes in cities and measured these processes at few sites, 
there is much that remains unknown. 
My work measuring and modeling rates of soil respiration throughout the greater 
Boston area (Chapter 2) showed that these rates are largely driven by homeowner 
management, which is highlighted by the fact that soil respiration in urban landscaped 
areas are almost twice as high as rural rates and almost three times higher than rates in 
Boston’s urban forests. These fluxes are not just substantial when compared to rural rates, 
however; soil respiration in Boston’s residential areas produces almost as much CO2 as 
fossil fuel emissions during the growing season, representing an important source of CO2 
to the atmosphere. The relationship between soil respiration and fossil fuel emissions 
changes throughout each consecutive month, with fossil fuel emissions twice as high in 
the cooler months of May and October and soil respiration higher in warm, wet July. 
These results add to a growing body of work showing that urban biology plays an 
important role in urban biogeochemical cycling, and that rates of biogeochemical 
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processes in urban areas are often accelerated compared to rates in rural areas. These 
findings demonstrate that measuring urban biogeochemical fluxes at high spatial and 
temporal resolution is important for understanding these unique fluxes in urban areas, and 
that homeowner management plays an important role in the C budget in urban areas.  
Measuring rates of inorganic N in throughfall at high spatial resolution across the 
greater Boston area, I established that while these rates are indeed high in urban areas as 
compared to rural, they are also highly variable, showing more than a threefold difference 
in rates just within the city (Chapter 3). By using a spatially explicit model of vehicular N 
emissions, I also demonstrated that inputs of inorganic N are correlated with emissions of 
NOx and NH3 from automobiles. Throughfall inputs are not equally distributed across the 
season, however. I found that throughfall is elevated in the spring, and that NH4+ makes 
up about 70 % of total inputs, which suggests that volatilization of urban residential 
fertilizers are influencing throughfall inputs. Finally, I found that these atmospherically-
derived inputs are broadly decoupled from soil biogeochemical cycling, as there was no 
correlation between throughfall and soil solution NH4+, net mineralization, net 
nitrification, or soil respiration, a result contrary to what is found in rural areas. Taken as 
a whole, these results indicate that urban biogeochemical cycles are unique, influenced by 
the actions of urban residents, and require many measurement sites to properly 
investigate. 
Last, I showed that not only are atmospheric fluxes of inorganic N elevated in 
cities as compared to rural areas, but also that the urban atmosphere is an important 
source of previously unaccounted fluxes, particularly organic N, total P, and organic C 
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(Chapter 4). Rates of organic N in both bulk deposition and throughfall are about a third 
of total N inputs. Including these rates in our measurements increases inputs of bulk and 
throughfall N by 70% and 54%, respectively, representing a substantial addition to the 
urban N budget. I found rates of P in bulk deposition about three times higher than rural 
rates, a flux comparable to rates in urban runoff. Rates of P in throughfall were higher 
than rates I found in previously published papers. Rates of organic C in both bulk and 
throughfall are comparable to rates in rural areas. In addition, I found that the urban tree 
canopy augments inputs to the urban ground surface by two to eight times, depending on 
the analyte. Boston is covered by 25% tree canopy, a figure comparable to other cities 
(Nowak and Crane, 2002). While I found similar concentrations of N, P, and C in soil 
solution beneath tree canopy and out in the open, suggesting that Boston’s soils may be 
able to retain and process excess nutrient inputs, 25.5 % of Boston’s tree canopy is 
located above pavement. As a quarter of the canopy is located over impervious ground, 
by augmenting inputs, the urban tree canopy may thus represent a substantial source of 
nutrients and C into urban waterways by runoff over pavement without the mitigating 
effect of soils. These results indicate that atmospheric deposition in urban areas is an 
important source of N, P, and C to urban ecosystems, that a fuller suite of 
atmospherically-derived elements should be monitored in cities, and that cities need to 
consider the location of paved areas such as roads and sidewalks when planning tree 




Conclusions and Implications 
Urbanization is one of the greatest pressures that humanity has put upon the 
planet. Urban areas contain most of the world’s people, consume most of the world’s 
energy, and emit most of the world’s CO2. While cities are complex systems, unique 
from one another in many ways and complicated by the interactions of humans with 
nature, studying cities rigorously is both important and possible. Forming partnerships 
with organizations such as the Massachusetts Department of Environmental Protection, 
the Arnold Arboretum, Boston University, as well as private homeowners, I was able to 
deploy many sites around the greater Boston area in areas protected from disturbance. 
Further, local academic and not-for-profit institutions, such as Boston University, the 
Arnold Arboretum of Harvard University, and the Boston Area Research Initiative 
provided funds to conduct this research. In developing these relationships, I was able to 
obtain the locations and funding to discern patterns, drivers, and effects of urban 
biogeochemical cycling, showing that, even in the uncontrolled environment of a city, 
sound ecological study can be undertaken. The work of my dissertation shows that cities 
are ecologically important places, uniquely affected by human decision making and their 
endemic biology, which can be studied effectively when the local urban community is 
engaged in partnership and when cities are considered as systems unto themselves rather 
than strictly in a comparison to rural areas. 
Future Research Directions 
My dissertation work underscores the need for better accounting of 
biogeochemical fluxes in cities and provides a model for conducting studies to improve 
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this accounting. However, changes in biogeochemistry are only one facet of the 
multifarious phenomenon of urbanization. The question of ecosystem and human health 
in urban areas goes well beyond biogeochemistry and ecology. There has been a plethora 
of work done looking at cities from the perspectives of mental health, education, 
infrastructure and design, and numerous other fields. Much of this scholarship has been 
done in the name of creating “sustainable cities” or “smart cities”. However, as 
urbanization research has been discretized into these various subjects, what is lacking is 
an overall framework which unites social, biophysical, architectural, and other fields and 
allows the practitioners in these areas to work together and communicate with one 
another and with urban policy makers.  
I suggest three directions for future work in urban biogeochemistry. First, a 
concerted effort should be undertaken worldwide to measure the full suite of atmospheric 
inputs of important elements such as C, N, and P at numerous sites within metropolitan 
areas. These results may then inform regional to global models of biogeochemical 
cycling, particularly in areas like the Northeastern U.S. that have begun to merge into 
immense megalopolises. Second, urban biogeochemists and ecologists should set goals 
and design studies in tandem with social scientists and city planners and architects so that 
the data produced will help facilitate a more holistic improvement and understanding of 
urban environments. Last, researchers should work to develop and maintain open lines of 
communication with urban policy makers who have the ability to use data from urban 
research to implement changes which can lead towards the creation of more sustainable 
cities. Ultimately, a more comprehensive approach to the study of urbanization is 
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required in order to harness the powerful opportunity presented by urbanization to 
improve not only urban ecosystems and the lives of urban residents, but the health of the 
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